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Abstract 
Nitrogen removal from municipal wastewater is essential to prevent eutrophication. 
Conventional nitrogen removal is based on nitrification-denitrification, which consumes 
organic carbon. Mainstream deammonification (MD) is an emerging technology for total 
nitrogen removal, which is more sustainable from energy and resource perspective. With 
MD, the energy content of wastewater can be fully utilised by anaerobic digestion, and 
more biogas can thus be produced. 

In this Master’s thesis, the aim was to evaluate the feasibility of MD at Viikinmäki 
wastewater treatment plant (WWTP). A comprehensive literature study was carried out to 
determine the current status of MD research and application. The review revealed 
challenges in implementing MD, especially at low temperatures (<15 °C). However, MD 
technology is steadily improving, resulting in better nitrogen removal results. 

Based on literature, the most suitable MD technology for Viikinmäki WWTP was chosen, 
and the nitrogen balance of the process was calculated. Chemical carbon removal was 
selected as primary treatment before MD. To estimate the effects of the process, the solids 
balance and use of resources were calculated for the selected process. Plant monitoring 
data from 2016 and predicted flow conditions for 2030 were used in evaluating the effects 
of MD. Four scenarios were applied to compare conventional nitrogen removal and 
mainstream deammonification. 

The results demonstrated that the operational expenses of chemical carbon removal are 
so high that the selected process configuration is unfeasible at Viikinmäki WWTP. High 
chemical costs cancel out the advantages of MD. Based on assumptions made, the 
advantages would be 10 % higher biogas production and 18 % lower methanol 
consumption. The risk of the process was estimated to be high, because MD performance 
at low temperatures has not been sufficiently demonstrated. 

Before mainstream deammonification can be implemented at Viikinmäki WWTP, piloting 
is needed to determine the practicability of the process. In this thesis, a preliminary design 
for piloting MD at the plant was devised. The pilot was designed to represent Viikinmäki 
with the reactor size 3 m3. The main outputs of piloting would be proof of principle for the 
process at Finnish temperatures, and a control strategy to manage the complex microbial 
activities involved in mainstream deammonification. 
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Tiivistelmä 
Typenpoisto yhdyskuntien jätevesistä on olennainen osa rehevöitymisen estämistä. 
Perinteisesti typenpoisto toteutetaan nitrifikaatio–denitrifikaatio-prosessilla, joka 
kuluttaa jäteveden sisältämän orgaanisen hiilen. Pääprosessin deammonifikaatio 
(mainstream deammonification, MD) on uusi teknologia, jolla jäteveden kokonaistyppi 
saadaan poistettua kestävämmällä tavalla. MD kuluttaa vähemmän resursseja, ja 
mahdollistaa jäteveden energiasisällön hyödyntämisen mädätyksellä. Näin saadaan 
tuotettua enemmän biokaasua. 

Tässä diplomityössä arvioitiin MD:n toteuttamiskelpoisuutta Viikinmäen 
jätevedenpuhdistamolla. Kattava kirjallisuustutkimus toteutettiin, jotta teknologiasta 
saatuja kokemuksia voitaisiin arvioida. Kirjallisuuden perusteella MD:n ongelmana on 
erityisesti toteutettavuus kylmissä jätevesissä (<15 °C). MD-prosessilla saadut 
typenpoistotulokset kuitenkin parantuvat jatkuvasti teknologian kehittyessä. 

Diplomityössä valittiin paras teknologia MD:n toteuttamiselle Viikinmäen puhdistamolla, 
ja laskettiin typpitase MD-prosessille. Kemiallinen suorasaostus valittiin 
esikäsittelymenetelmäksi. Prosessin vaikutukset laitoksen käyttökustannuksiin ja 
puhdistustulokseen arvioitiin laskemalla kiintoainetase ja resurssien käyttö. Materiaalina 
käytettiin laitoksen tarkkailudataa vuodelta 2016, ja vuodelle 2030 tehtyjä 
kuormitusennusteita.  Neljää skenaariota käytettiin vertaamaan perinteistä typenpoistoa 
ja MD:tä. 

Tulokset osoittivat, että kemiallisen suorasaostuksen käyttökulut ovat niin suuret, että 
valittu MD-prosessi ei ole toteuttamiskelpoinen Viikinmäen puhdistamolla. 
Kemikaalikustannukset ovat suorasaostuksessa niin suuret, että MD:n muut edut 
kumoutuvat. Tehdyillä oletuksilla MD johtaisi 10 % korkeampaan biokaasun tuottoon ja 
18 % pienempään metanolin kulutukseen. Prosessin riski arvioitiin suureksi, koska MD:n 
toimivuutta alhaisissa lämpötiloissa ei ole riittävästi todistettu. 

Ennen kuin pääprosessin deammonifikaatio voitaisiin toteuttaa Viikinmäen 
puhdistamolla, pilotointia tarvitaan testaamaan teknologian toimivuus laitoksen 
olosuhteissa. Diplomityössä laadittiin alustava suunnitelma MD:n pilotoinnille 
Viikinmäellä. Pilotti suunniteltiin edustamaan puhdistamoa 3 m3 reaktorikoolla. 
Pilotoinnilla kyettäisiin todistamaan MD-prosessin käyttökelpoisuus laitoksella, ja 
laatimaan suunnitelma MD-biomassan monimutkaisten mikrobitoimintojen 
tehokkaaseen hallintaan. 
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NOMENCLATURE 
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1 INTRODUCTION 
1.1 Background and motivation 
Nitrogen is essential for all life, but also the cause of eutrophication. Nitrogen loading from municipal wastewater (MWW) induces the excessive growth of aquatic plants and algae, which can result in oxygen depletion in water ecosystems. The role of wastewater treatment is to remove the nitrogen from wastewater, while avoiding excessive use of resources. Still, municipal wastewater treatment plants can have high energy consumption. Energy is consumed especially in biological treatment processes, where aeration needs to be provided for the microorganisms that remove organic pollutants and nitrogen from wastewater. Additionally, conventional nitrogen removal by the nitrification-denitrification process consumes the organic carbon in wastewater. As a consequence, the exploitation of carbon as an energy source is limited. 
Deammonification is an emerging technology for biological nitrogen removal that offers advantages to the energy balance and resource efficiency of municipal wastewater treatment. Deammonification is particularly suitable for treating strong wastewaters with high nitrogen concentrations, such as reject water from anaerobic digestion (i.e. sidestream deammonification, SD). Application of deammonification to MWW (i.e. mainstream deammonification, MD) is however more challenging. The main challenges in MD are related to the management of microbial activities in the process, so that specific microbial groups are enriched, and nitrogen is directed to the correct pathways. Complex bacterial interrelations make this difficult to achieve, especially at low temperatures. 
Mainstream deammonification is globally a hot topic of research, because it enables the segregation of the removal of nitrogen and carbon from wastewater. With MD, carbon can be directed to energy production, promoting energy self-sufficiency in wastewater treatment. Other motivation for studying MD is that potential savings in aeration demand and chemical consumption could be obtained. MD technology is however still in the development phase, and several obstacles prevent the wide-scale implementation of MD. 
In this Master’s thesis, the feasibility of MD was evaluated for Viikinmäki wastewater treatment plant (WWTP). Viikinmäki WWTP treats the wastewaters of 800 000 people, making it the largest WWTP in Finland. Operated by Helsinki Region Environmental Services Authority (HSY), the plant is actively studying new ways of improving resource efficiency. Promising results have been attained in a sidestream deammonification pilot at Viikinmäki, motivating HSY to also investigate mainstream deammonification.  

1.2 Objectives and scope of study 
The aim of this Master’s thesis was to determine whether mainstream deammonification is feasible for implementation at Viikinmäki WWTP. The main output of the thesis was in the preliminary feasibility evaluation of mainstream deammonification at Viikinmäki WWTP. Other key outputs of the thesis were the determination of the boundary conditions 
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of MD implementation, as well as a preliminary design for piloting MD at Viikinmäki WWTP. The comprehensive literature study was carried out to function as a guide to mainstream deammonification. 
The step-wise structure of the thesis is shown in Figure 1. For the first section, a literature study was conducted based on recent publications on MD. Based on the results of the literature study, implementation of MD at Viikinmäki plant was investigated. First, the most suitable MD process was selected. The effects of the process on Viikinmäki WWTP nitrogen removal and operational expenses were evaluated, and a pilot was designed to study the process configuration in practice. The hypothesis of the thesis was that mainstream deammonification would reduce operational costs at Viikinmäki WWTP, if the process were successfully implemented (i.e. stable total nitrogen removal was achieved even at low temperatures). 

 
Figure 1. Schematic representation of step-wise structure of the thesis. 
Research questions for each section of the study are presented in Table 1. To answer research question 1, the microbial groups involved in MD were analysed in depth, in order to understand what makes MD challenging compared to SD. The interrelations of the microbial groups were explored to find out how microbial activities can be controlled in a MD process. For research question 2, full-scale and piloting experience for mainstream deammonification was surveyed for nitrogen removal results (published by spring 2017). Using plant data and the results from research questions 1-2, the boundary conditions for implementing MD at Viikinmäki WWTP were identified, and the most suitable MD technology was chosen. To support the decision, previous deammonification experience at the plant was also considered. 
Table 1. Research questions of the thesis listed for each section. 

Section Research question 
Literature study 1) What are the main challenges of MD application, and what are the solutions suggested in literature? 

2) What is the current status of MD application? 
Selection of the process 3) What are the boundary conditions for implementing MD at Viikinmäki WWTP, and what is the most suitable MD technology for the plant? 
Estimation of effects 4) What are the effects of the selected process on the nitrogen removal performance of Viikinmäki WWTP? 

5) What are the effects on the operational expenses? 
Pilot design 6) How can the selected process be piloted at Viikinmäki WWTP? 
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The estimation of the effects of the selected MD technology was the main basis for evaluating the feasibility of MD at Viikinmäki WWTP. The main method for estimating the effects was the comparison of scenarios, where MD was compared to a reference point, which represented the current process configuration with conventional nitrogen removal. To answer research question 4, nitrogen balances were calculated for the scenarios. For conventional nitrogen removal, Viikinmäki plant data was used, but for MD, literature study results were used to make assumptions for calculating the nitrogen balances. For research question 5, the biogas production, chemical consumption and aeration demand were estimated for the scenarios. To answer research question 6, options for piloting MD at Viikinmäki WWTP were assessed, and a preliminary design for piloting the selected MD process was made. 

1.3 Thesis outline 
The first half of the thesis contains the literature study. First, the microbiological basis of deammonification is discussed in Chapter 2, focusing on what is known about the bacterial groups involved. General information on deammonification is given in Chapter 3. The key factors for applying deammonification are discussed, and the commonly used technologies in deammonification processes are introduced. Chapter 4 focuses on the challenges of mainstream deammonification. Using the in-depth knowledge on deammonification biomass built in previous chapters, the solutions for managing competition between bacterial groups are analysed (research question 1). Finally, the process configurations suggested for mainstream deammonification and the current piloting and full-scale experience are explored in Chapter 5 (research question 2). 
The second half of the study centres on Viikinmäki WWTP. First, general information on the plant is given, and previous sidestream deammonification pilots at Viikinmäki WWTP are described in Chapter 6. Then the boundary conditions for implementing mainstream deammonification at the plant are identified, and the most suitable MD process is selected (research question 3). In Chapter 7, the methodology for the remainder of the thesis is defined. The results for estimating the effects of MD at Viikinmäki WWTP are presented in Chapter 8 (research questions 4-5). In Chapter 9, piloting options for studying MD are discussed, and a preliminary pilot design is presented. Interpretation of the results is conducted in Chapter 10, by comparing the results to literature. The accuracy and applicability of the results is evaluated based assumptions made in estimating the effects of MD. Chapter 11 includes the conclusions of the study, resolving whether mainstream deammonification at Viikinmäki WWTP is feasible. 
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2 BIOLOGICAL NITROGEN REMOVAL FROM WASTEWATER 
2.1 Nitrogen in municipal wastewater 
Municipal wastewater is a mixture of biological compounds with fluctuating quantity and consistency. Nitrogen in municipal wastewater (MWW) is mostly in the form of ammonium (NH4+). If allowed to enter aquatic ecosystems, NH4+ causes eutrophication and oxygen depletion, and is also toxic to fish. The removal of nitrogen is generally conducted by biological treatment methods, which are more cost-efficient than physicochemical methods. Two main mechanisms form the basis of biological nitrogen removal. First, nitrogen is consumed by microorganisms in assimilation, which is the intake of nitrogen for vital functions and growth. Second, nitrogen is transformed in redox reactions mediated by microorganisms. With these reactions, NH4+ can be transformed back to N2 and thus removed from wastewater. 

2.2 Transformations of nitrogen 
Biological nitrogen removal from wastewater is based on the redox reactions in the natural biogeochemical nitrogen cycle shown in Figure 2. Microorganisms mediate the reactions, in which nitrogen is transformed from organic to inorganic form and vice versa. The nitrogen cycle has both aerobic and anaerobic pathways. The fixation of N2 to NH4+ and the assimilation of NH4+ establish the starting point for the cycling of nitrogen. Organic nitrogen compounds in biomass are mineralised back to NH4+ in ammonification, followed by further mineralisation of nitrogen in nitrification.  

 
Figure 2. Key redox reactions in the biogeochemical nitrogen cycle (Daims et al. 2016). Abbreviations: DNRA, dissimilatory nitrite reduction to ammonia; assim., assimilatory; dissim., dissimilatory. 
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In nitrification, NH4+ is oxidised first to nitrite (NO2−) and then to nitrate (NO3−). The two steps of nitrification are generally conducted by two distinct groups of bacteria, except for comammox organisms (complete ammonium oxidisers) that are capable of conducting both steps (Daims et al. 2015, van Kessel et al. 2015). NO3− reduction back to NO2− is always needed for microbial use of NO3− (Kraft et al. 2011), following which NO2− can either be reduced back to NH4+ in dissimilatory nitrate reduction to ammonium (DNRA), or be released back to the atmosphere as N2 via denitrification or anaerobic ammonium oxidation (anammox). 
In biological nitrogen removal from wastewater, selected redox reactions from the biogeochemical nitrogen cycle are induced in wastewater treatment processes. This 
“engineered nitrogen cycle” aims to harness microorganisms to transform the nitrogen load in wastewater into N2, and thereby reduce the nutrient load to natural waters. The pathways from Figure 2 that can be employed in biological nitrogen removal are nitrification and denitrification (universally applied) and anammox (applied to a lesser extent). Whereas nitrification is aerobic, both denitrification and anammox are anoxic processes, that is, they require the absence of molecular oxygen (O2). Nitrification and anammox are autotrophic processes and therefore do not consume organic matter, while denitrification is a heterotrophic process and requires carbonaceous substrate. Information on the preferred conditions (niche adaptation) of each group of microorganisms is needed for inducing the specific pathways required for biological nitrogen removal. The pathways and the microorganisms involved are discussed next. 

2.3 Conventional nitrogen removal 
2.3.1 Nitrification-denitrification process 
Conventional nitrogen removal is a well-established technology based on the nitrification and denitrification pathways. Nitrogen removal by nitrification-denitrification is connected to carbon removal, as denitrification is a heterotrophic process. It is often incorporated into the activated sludge (AS) process, which is prevalently used in wastewater treatment to remove organic matter. Conventional nitrogen removal is generally implemented as denitrification-nitrification (DN-N) by recycling nitrified wastewater, as this setup allows for savings in aeration and external carbon addition. To implement the DN-N process, process conditions need to be adjusted to accommodate both nitrifying and denitrifying bacteria. The main consideration is that both oxic and anoxic conditions need to be provided, as nitrifiers are aerobic and denitrifiers anaerobic. 
2.3.2 Nitrifying bacteria 
Nitrification is a two-stage aerobic process, in which ammonium oxidation (nitritation) is followed by nitrite oxidation (nitratation). Two separate bacterial groups perform these reactions, ammonium oxidising bacteria (AOB) and nitrite oxidising bacteria (NOB), together referred to as nitrifiers. Additionally, ammonia-oxidising archaea (AOA) have been discovered as well as the bacteria capable of complete denitrification (comammox) 
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(Daims et al. 2016). The first step of nitrification is the oxidation of ammonium (Equation 2.1). In the nitritation reaction, NH4+ is first oxidised to hydroxylamine (NH2OH). As a by-product of nitritation, the greenhouse gas nitrous oxide (N2O) is formed (Canfield et al. 2010). The alkalinity loss in nitritation is 7.07 g of CaCO3 per 1 g of NH4+-N oxidised. 
NH4

+ + 1.5 O2 → NO2
− + 2 H+ + H2O (∆G° = −275 kJ/mol) (2.1) 

The known AOB belong the phylum Proteobacteria. Five genera are known: Nitrosomonas, Nitrosospira, Nitrosovibrio, Nitrosolobus and Nitrosococcus. The genera found most relevant for wastewater treatment were Nitrosomonas and Nitrosospira in the study by Ge et al. (2015). Several strains of Nitrosomonas are known, and niche adaptation has been discovered between these strains (Gilbert et al. 2014b). Nitrosomonas eutropha was found to dominate in high NH4+ concentrations by Fukushima et al. (2013), and Nitrosococcus and Nitrosomonas oligotropha have been found to prefer lower NH4+ concentrations (Ward et al. 2011, p. 46). Typical growth rates of AOB are in the range of 1-1.2 d-1 (Ward et al. 2011, p. 238). 
The metabolism of AOB is not restricted to ammonium oxidation (Equation 2.1), but is more versatile. Some Nitrosomonas strains are capable of the so-called nitrifier denitrification, which is the reduction of NO2− to N2O via nitric oxide (NO), without the degradation of organic matter (Ward et al. 2011, p. 104). The contribution of nitrifier denitrification to the N2O emissions of WWTPs has been observed to be more than half of N2O produced (Kampschreur et al. 2009a). In addition to the nitrifier denitrification pathway, N2O can also be produced by AOB in the oxidation of the by-product hydroxylamine (Ali et al. 2016). Additionally, many AOB were found to hydrolyse urea to produce NH4+ in acidic soils or other environments where NH4+ is scarce (Pommerening-Röser & Koops 2005). 
Following ammonium oxidation, nitrite oxidation (i.e. nitratation) is carried out by NOB. In the reaction (Equation 2.2), no intermediates are formed, and the effect on alkalinity is insignificant. Nitratation has a key role in preventing the accumulation of NO2−, which is toxic to eukaryotes and inhibitive to bacterial growth (Ward et al. 2011, p. 295). The known NOB belong to four phyla, Proteobacteria, Nitrospirae, Nitrospinae and Chloroflexi, and seven genera, which are Nitrobacter, Nitrospira, Nitrotoga, Nitrococcus, Nitrolancea and Nitrospina, as well as the recently discovered marine NOB Candidatus ‘Nitromaritima’ (Daims et al. 2016). 

NO2
− + 0.5 O2 ⟶ NO3

− (∆G° =  −74 kJ mol⁄ ) (2.2) 
Significantly less research has been conducted on NOB than on AOB due to the difficulty of cultivating NOB (Daims et al. 2016). Most of the research on NOB was conducted in the 1980s on a limited number of Nitrobacter strains (Ward et al. 2011, p. 267). The kinetic data on NOB such as the growth rate at 0.48 d-1 is based on Nitrobacter (Vadivelu et al. 2006). Nitrobacter were considered the dominant NOB in wastewater treatment for a long period of time (Ward et al. 2011, p. 306), but recent studies applying cultivation-independent techniques have identified Nitrospira and Nitrotoga as the key NOB in wastewater treatment (Lücker et al. 2010, 2015, Saunders et al. 2016). 
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Even though new research suggests Nitrospira and Nitrotoga are the main NOB in wastewater treatment, the growth characteristics of Nitrobacter are used to represent all NOB growth in wastewater treatment applications (Regmi et al. 2014). There are fundamental differences between the kinetics and biochemistry of Nitrobacter and Nitrospira (Daims et al. 2016). Nitrobacter are r-strategists, which means that Nitrobacter strains have higher growth rates and lower substrate affinities, compared to K-strategists, which have lower growth rates and higher substrate affinities. Nitrospira are K-strategists and therefore can thrive under low substrate concentrations (Nowka et al. 2015). Due to this difference, it is considerably easier to cultivate Nitrobacter in laboratory, which is why Nitrobacter were generally over-represented in traditional cultivation-based studies (Daims et al. 2016). Of most of the other genera of NOB, kinetic data is missing, but Nitrotoga can be placed between Nitrospira and Nitrobacter in substrate affinity (Nowka et al. 2015). 
Different Nitrospira and Nitrotoga strains have been found to coexist, furthermore over 120 different Nitrospira species were found to stably coexist in activated sludge systems (Gruber-Dorninger et al. 2015). Coexistence of such a high number of NOB suggests that these organisms are specialised and inhabit different niches (Daims et al. 2016). Niches are provided by mass transfer resistance, which causes an oxygen gradient to be formed in the biomass (Lackner & Smets 2012). Nitrospira are able to survive in low oxygen concentrations and may even prefer microaerophilic conditions at low oxygen levels (Daims et al. 2016). This means that Nitrospira can inhabit niches that are unfavourable to other NOB. 
Nitrospira prefer mesophilic temperatures at 20-45 °C, while Nitrotoga and especially the strain Candidatus ‘Nitrotoga arctica’ prefer psychrophilic temperatures at <20 °C, and were found to be the dominant NOB at temperatures 10-17 °C (Daims et al. 2016, Saunders et al. 2016). It seems that Nitrospira are also more sensitive to low temperatures than some NOB such as Nitrobacter (Gilbert et al. 2014b). The coexistence of various NOB species in wastewater treatment, most commonly the mesophilic Nitrospira and the cold-adapted Nitrotoga, could be caused by seasonal temperature shifts, as well as other factors that are not yet understood (Daims et al. 2016). 
New research has been conducted on NOB, revealing unexpected versatility of NOB metabolism. Nitrospira moscoviensis was discovered to be able to grow by aerobic respiration of H2 (Koch et al. 2014), as well as by nitrate reduction using formate as electron donor (Koch et al. 2015). NOB are also hypothesised to be able to use other electron acceptors such as iodate, manganese or ferric oxides, when oxygen is not available (Daims et al. 2016). Furthermore, complete ammonium oxidation by a single organism (comammox) was discovered in the Nitrospira genus (Daims et al. 2015, van Kessel et al. 2015). Besides the versatility of NOB metabolism, complex symbioses with AOB and heterotrophic bacteria have also been discovered, with reciprocal feeding of NH4+, NO2− and NO3− (Daims et al. 2016). Overall, NOB are versatile organisms, and capable of inhabiting a surprising variety of niches. 
 



 

18 
 

2.3.3 Denitrifying bacteria 
The capability of nitrate respiration is widespread among bacteria and can also be found in archaea and eukaryotes (Kraft et al. 2011). Denitrifying organisms are facultative heterotrophs that mostly belong to the phylum Proteobacteria (Kraft et al. 2011). The term facultative means that O2 is used for respiration when possible, but under oxygen-limited conditions other electron acceptors can be used, e.g. sulfate (SO42−), nitrate (NO3−) or sulphur (S). Denitrification takes place when NO3− or NO2− are used for respiration in the degradation of organic matter. In the reaction, NO3− is sequentially reduced to N2 (Equation 2.3). In wastewater treatment processes, complete denitrification is wanted, because otherwise the greenhouse gas N2O is released to the atmosphere. 

NO3
− ⟶ NO2

− ⟶ NO ⟶ N2O ⟶ N2 (2.3) 
The catabolic reaction of denitrification in the presence of a carbon source (acetic acid used as example) (Equation 2.4) produces a significantly higher amount of energy (-843 kJ/mol) than ammonium or nitrite oxidation (-275 kJ/mol and -75 kJ/mol respectively), which is why denitrifiers have much higher growth rates than AOB and NOB. The anabolic reaction of denitrification with acetic acid is shown in Equation 2.5. The overall denitrification reaction is summarised in Equation 2.6. Although organic carbon is necessary for denitrification, it was found that denitrifiers can be sustained even in carbon-limited environments by soluble microbial products excreted by nitrifiers (Kindaichi et al. 2004). Hydrogen ions produced in nitritation are consumed in the denitrification reaction, generating 3.57 g of alkalinity as CaCO3 per 1 g of reduced NO3−-N. 

1.6 NO3
− + CH3COOH → 0.8 N2 + 2 CO2 + 1.2 H2O + 1.6 OH− (2.4) 

(∆G° = −843 kJ mol⁄ ) 
1.2 NO3

− + CH3COOH + 0.1 NH4
+ 

→ 0.1 C5H7O2N + 0.6 N2 + 1.5 CO2 + 1.1 OH− + 1.3 H2O (2.5) 
NO3

− + 10 e− + 12 H+ ⟶ N2 + 6 H2O (2.6) 
Examples of bacteria often identified as denitrifiers are species in the genera Pseudomonas, Bacillus and Paracoccus (Kumar & Lin 2010). Denitrifying organisms are heterotrophic bacteria (HB) that form such a diverse and abundant group that identifying the HB that are relevant from a wastewater treatment perspective is challenging (Kraft et al. 2011). Furthermore, the full denitrification pathway (Equation 2.6) can be considered to be a community process, as not all denitrifiers possess the full set of enzymes required to carry out the complete pathway (Wallenstein et al. 2006). In particular, the enzyme for reducing N2O to N2 can only be found in one third of denitrifiers (Jones et al. 2008). Therefore, the community structure of denitrifiers in a wastewater treatment process has an impact on the N2O emitted from the process. 
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2.4 Shortcut nitrogen removal 
2.4.1 Nitritation-denitritation process 
The so-called shortcut nitrogen removal methods are based on bypassing nitrite oxidation completely. Illustrated in Figure 3, nitratation is the oxidation of NO2− to NO3−. As previously discussed, NO3− always has to be reduced back to NO2− for bacteria to be able to use NO3− (Kraft et al. 2011). Therefore, bypassing NO2− oxidation is possible, and results in a lower oxygen requirement for nitrification. In the nitritation-denitritation process, ammonium oxidation to nitrite is followed by nitrite reduction to nitrogen gas. Besides having lower oxygen demand, the process also has lower demand for organic carbon than conventional nitrogen removal. By skipping the nitrate route, 25 % of oxygen requirement and up to 40 % of organic carbon (expressed as chemical oxygen demand, COD) could theoretically be saved, while less sludge is produced and denitrification rates are up to 1.5 to 2 times higher (Peng & Zhu 2006). 

 
Figure 3. Nitrogen removal pathways involved in shortcut nitrogen removal. 
In order to achieve NH4+ conversion to NO2− only without the further oxidation of NO2− to NO3−, NOB need to be out-selected and their activity suppressed (Al-Omari et al. 2015). NOB out-selection has proved to be challenging, as will be elaborated in later chapters. Although practiced at several plants (e.g. Regmi et al. 2014), the popularity of nitritation-denitritation has declined, as deammonification offers even greater savings in oxygen and COD requirements. 
2.4.2 Deammonification 
Deammonification is the other shortcut nitrogen removal method available. Deammonification is based on the anammox reaction, in which NH4+ is oxidised to N2 without the need for carbon or O2 (Equation 2.7). A specific group of bacteria are capable of this reaction, referred to as anammox bacteria (AMX). As NO2− is needed as an oxidant, partial nitritation is needed to supply the anammox reaction with NO2−, which is rarely found in natural environments or in wastewater. Therefore, the presence and activity of AOB is required for the anammox reaction, with AOB optimally oxidising only 50 % of 
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ammonium to nitrite. The combination of partial nitritation and anammox is referred to as deammonification.  
NH4

+ + NO2
− → N2 + 2 H2O (∆G° = −357 kJ mol⁄ ) (2.7) 

The anammox reaction was discovered by accident in the mid-1990s, when unexpected formation of nitrogen gas was detected, while ammonium and nitrite were consumed (Mulder et al. 1995). Anammox bacteria were soon discovered, producing energy for growth by the anaerobic oxidation of ammonium (Equation 2.7). The pathway of this reaction is branched. First nitrite is reduced to nitric oxide, which is the electron acceptor in the oxidation of ammonium. Then ammonium is oxidised to N2 in a reaction that involves two intermediates: hydroxylamine (NH2OH) and hydrazine (N2H4). (Strous et al. 2006)  
The ammonium-oxidising reaction in Equation 2.7 is the catabolic reaction providing energy for cell carbon fixation for the growth of AMX. Carbon fixation by AMX surprisingly involves the anaerobic production of NO2− to NO3− (van de Graaf et al. 1996, Strous et al. 2006). Equation 2.8 shows the anabolic reaction, in which the reducing power for HCO3‒ fixation is derived from NO3− production (Ward et al. 2011, p. 183). This reaction is such an energy-demanding reaction that Equation 2.7 needs to occur 15 times before one mole of carbon can be fixed (Ward et al. 2011, p. 184). Due to the anabolic reaction, AMX growth is always associated with NO3− production, which is stoichiometrically 11 % of ammonium converted (Strous et al. 1999). The overall reaction equation is presented in Equation 2.9. The effect on alkalinity is insignificant, furthermore no N2O is produced in the anammox reaction (Strous et al. 2006).  

0.26 NO2
− + 0.066 HCO3

− → 0.26 NO3
− + 0.066 CH2O0.5N0.15 (2.8) 

NH4
+ + 1.32 NO2

− + 0.066 HCO3
− + 0.13 H+  

⟶ 1.02 N2 + 0.066 CH2O0.5N0.15 + 0.26 NO3
− + 2.03 H2O (2.9) 

Soon after the discovery of the anammox pathway began the development of applying anammox to wastewater treatment (Lackner et al. 2014). The application of the anammox reaction for biological nitrogen removal is appealing, since less oxygen and no organic carbon are needed for converting NH4+ to N2 (see Chapter 3.1). Deammonification has become a state-of-the-art technology for specific types of wastewater that have high temperature, high NH4+ concentration and low organic carbon concentration, but for other wastewater types it is still in the development phase (Fernández et al. 2016). 
2.4.3 Anammox bacteria 
Organisms capable of the anammox process are mainly bacteria, but also archaea capable of anammox have been discovered (Francis et al. 2005). Anammox bacteria (AMX) are slow-growing autotrophic organisms with unique features, belonging to the Planctomycetes phylum. Five genera have been found that have the status Candidatus, as pure cell cultivation of AMX has not been achieved (Strous et al. 2006, Fernández et al. 2016). The genera Candidatus ‘Brocadia’, Candidatus ‘Kuenenia’, Candidatus ‘Jettenia’, Candidatus ‘Scalindua’ and Candidatus ‘Anammoxoglobus’ have been found, of which 
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four are common in freshwater ecosystems and bioreactors, while the genus Ca. 
‘Scalindua’ is the only marine anammox genus found (Ward et al. 2011, p. 182). 
Understanding of the niche adaptation of AMX species is limited, but it has been observed that generally only one AMX species is dominant in a bioreactor (Kartal et al. 2007a). From this finding, it can be deduced that AMX species share similar functions and compete against each other, contrary to NOB species that have been found to co-exist (Gruber-Dorninger et al. 2015). Due to the lack of success in pure cell cultivation of AMX species, there is no consensus on the growth rates of AMX (Fernández et al. 2016). The growth rates obtained for AMX are in the range 0.05-0.2 d-1, being significantly lower than the growth rates of AOB, which are in the range 1-1.2 d-1. (Ward et al. 2011, p. 238). 
Interestingly, the anammox reaction (Equation 2.7) is not the only catabolic reaction AMX are able to perform. Certain AMX species of the genera Candidatus ‘Brocadia’, Ca. 
‘Anammoxoglobus’, Ca. ‘Kuenenia’ and Ca. ‘Scalindua’ have been found to be able to oxidise volatile fatty acids (VFA) such as acetate and propionate using NO3− as electron acceptor (Güven et al. 2005, Kartal et al. 2007a, Strous et al. 2006). Therefore, AMX are not specialists but metabolically versatile (Strous et al. 2006). This versatility of AMX can be beneficial in wastewater treatment, as AMX are able to tolerate some NH4+ and NO2− unavailability, and remove NO3− while producing a much smaller amount of sludge than denitrifiers (Winkler et al. 2012a). 
The oxidation of VFA can disguise AMX as denitrifiers, as NO3− is reduced to NO2− while organic carbon is oxidised (Kartal et al. 2007b). The aim of this pathway is however different from denitrification, as VFA oxidation is used solely as an electron source for the dissimilatory reduction of NO3− to NO2− and NH4+ (i.e. DNRA), producing substrates for the ordinary anammox pathway (Equation 2.7) (Kartal et al. 2007b). Organic carbon is not used for growth, but it is oxidised completely into CO2 (Ward et al. 2011, p. 239). Inorganic carbon fixation (Equation 2.8) is still used for growth, which is why VFA oxidation does not affect AMX growth rates (Kartal et al. 2007b). However, the ability of an AMX species to derive substrates from NO3− gives a competitive advantage over other AMX species in conditions where either NH4+ or NO2− is limiting (Ward et al. 2011, p. 239). Additionally, AMX species capable of this pathway were found to compete successfully against denitrifiers (Kartal et al. 2007a, Kartal et al. 2007b). 
The AMX species most commonly found in wastewater treatment applications, especially at low temperatures (<15 °C), is Candidatus ‘Brocadia fulgida’ (Hu et al. 2013, Hendrickx et al. 2014, Lotti et al. 2014a, Laureni et al. 2015 etc.). This species has also been found to be able to oxidise acetate, while also producing strong autofluorescence (Kartal et al. 2008). Due to the wide prevalence of Ca. ‘B. fulgida’ in low temperature deammonification studies, it has been suggested that this species might be more tolerant to low temperatures due to its ability to procure substrates by VFA oxidation (Hendrickx et al. 2014). Even though anammox bacteria have a more versatile metabolism than was originally thought and are capable of producing NO2− from NO3−, they are still highly dependent on the production of NO2− by AOB. Consequently, AMX can always be found close to AOB (Almstrand et al. 2014).  
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3 DEAMMONIFICATION PROCESS 
3.1 Anammox in wastewater treatment 
3.1.1 Key parameters of deammonification processes 
Deammonification is based on combining partial nitritation and anammox reactions as a wastewater treatment process. Therefore ensuring the growth and activity of AOB and AMX is key to good nitrogen removal performance (Kartal et al. 2010). Finding the process conditions suitable for both bacterial groups can be difficult and requires careful control and monitoring of several process conditions. One of the most essential process parameters is the dissolved oxygen (DO) level. As AOB are aerobic and AMX are strictly anaerobic organisms, finding a suitable oxygen level that does not affect AMX without limiting AOB is crucial (Morales et al. 2015a). DO levels applied in deammonification processes vary greatly, from 0.06 mg/L (Wett et al. 2013) to 3-6 mg/L (De Clippeleir et al. 2013). 
The suitable pH range in deammonification is 7-8 (Lackner et al. 2014). pH has a complex effect on substrate availability and bacterial inhibition, which is why pH is another key process parameter for deammonification. Temperature also has a major effect on deammonification, with an impact on the reaction kinetics of AOB and AMX. Mesophilic temperatures at 20-45 °C are the most suitable for most nitrogen transformation processes, although in nature these processes also occur at psychrophilic temperatures at <15 °C. Additionally, high cell retention of AOB and AMX is a priority (Kartal et al. 2010), while the competing bacterial groups should be washed out. Separate control of the solids retention time (SRT) is therefore necessary for the different bacterial groups, while the hydraulic retention time (HRT) controls the amount of time wastewater is retained in the process. 
A fundamental issue encountered in the operation of deammonification is the competition for substrates between different bacterial groups. The activity of nitrite oxidising bacteria or denitrifiers can be detrimental to process performance and effluent quality (Vlaeminck et al. 2012). To control the competition by denitrifiers, another key consideration of deammonification is reducing the organic carbon content of the wastewater, which is expressed as the chemical oxygen demand (COD). Due to bacterial competition and the different process condition needs of AOB and AMX, the operation of deammonification is challenging and relies heavily on online monitoring and control (Lackner et al. 2014). 
3.1.2 Sidestream deammonification 
The main application of deammonification is in the nitrogen removal in wastewaters with high NH4+ and low COD concentrations (i.e. low COD/N ratio). These types of wastewaters are produced notably in the anaerobic digestion process as reject water, but also as landfill leachate and in some industrial processes, such as the manufacture of semi-conductors (Tokutomi et al. 2011). Conventional nitrogen removal by denitrification is unsuitable for the treatment of these wastewater streams, because significant amounts of external carbon 
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source (i.e. methanol) will have to be added to increase the COD/N ratio.  Deammonification however enables the nitrogen removal of such wastewaters without external carbon addition. In municipal wastewater treatment, deammonification is widely applied in the separate treatment of reject water (Lackner et al. 2014). The typical SD application in reject water treatment is illustrated in Figure 4, showing also the sludge flows in an activated sludge process and the reject water production in the dewatering of digested sludge. 

 
Figure 4. Typical SD application in a WWTP with activated sludge process. The picture shows the production of reject water from anaerobic digestion of sludge. SD: sidestream deammonification; RAS: return activated sludge; WAS: waste activated sludge. 
Normally, reject water is led to the beginning of the water process without separate treatment. This internal nitrogen load accounts for 15-25 % of the nitrogen load to the nitrification-denitrification process (Gilbert et al. 2015). Sidestream deammonification can remove up to 90 % of the internal load (Lackner et al. 2014). This way, the mainstream nitrogen removal process has more capacity to manage higher nitrogen loads in the influent. Sidestream deammonification has been implemented in full-scale since 2002, when the first application started operation in the Netherlands. Over 100 full-scale deammonification processes have successfully started since then with exponential growth, with 75 % of the applications treating municipal reject water (Lackner et al. 2014). The technology has gained industry approval, and is now considered state-of-the-art technology for reject water treatment (Lackner et al. 2014).  
3.1.3 Mainstream deammonification 
Currently, new research is centred on applying deammonification also to wastewaters with high COD/N ratio. Mainstream deammonification (MD) is the replacement of the denitrification-nitrification process by deammonification in the main water process. The main motivation for this is the possibility of achieving energy self-sufficiency in wastewater treatment. Mainstream deammonification is linked to a general paradigm shift in wastewater treatment, where organic matter in wastewater is no longer seen as pollution but a source of energy (Kartal et al. 2010). Because no organic carbon is needed in deammonification, MD would enable the separation of nitrogen removal from carbon removal. In conventional nitrogen removal, influent organic carbon is consumed in denitrification, producing sludge that has low biogas potential in anaerobic digestion 
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(Pérez-Elvira et al. 2008). Removing organic carbon prior to nitrogen removal, already in primary treatment, would allow greater biogas production in digestion (Laureni et al. 2016). The reason for this is that WAS consists of already decomposed organic material that is partly mineralised, while the energy content of raw sludge is mostly unconsumed. 
The advantage of removing a higher portion of influent carbon (COD) already in primary treatment is shown in Figure 5. The figure compares the carbon balances of a typical activated sludge process with gravitational primary treatment, and a mainstream deammonification process with segregated carbon removal (after the results by Siegrist et al. 2008). Higher primary sludge production can increase biogas production by up to 25 %, as shown in Figure 5b. With higher biogas production, attaining the goal of energy self-sufficient wastewater treatment becomes more possible. An example of an energy self-sufficient WWTP with full-scale MD is the Strass WWTP in Austria (Wett et al. 2015). 

 

 
Figure 5. Carbon balance with a) normal primary treatment and conventional nitrogen removal and b) segregated carbon removal and deammonification (after Siegrist et al. 2008). 
An additional advantage to the energy balance of mainstream deammonification is that less aeration is required, compared to conventional nitrogen removal. Typically, 50 % of aeration is used in carbon removal and 25 % in nitrogen removal (Siegrist et al. 2008). With separate carbon removal prior to MD, less oxygen is needed to degrade COD. Further savings come from nitrification, where 75 % of oxygen consumption comes from ammonium oxidation and 25 % from nitrite oxidation. As nitrite oxidation is excluded and only half of ammonium is oxidised in nitritation, oxygen consumption can theoretically be reduced by up to 60 % compared to conventional nitrogen removal (Siegrist et al. 2008). 
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The main advantages of deammonification to conventional nitrogen removal are summed up in Figure 6. The figure illustrates that 60 % less oxygen is required in partial nitritation than in complete nitrification, and that only CO2 is needed as carbon source in deammonification. Not only does this mean 100 % savings in methanol costs, but significantly less secondary sludge (i.e. WAS) is created. There are however many challenges in achieving stable nitrogen removal by mainstream deammonification, which will be discussed in Chapter 4.2. 

 
Figure 6. The carbon flows and oxygen demand of a) conventional nitrogen removal and b) deammonification (after Siegrist et al. 2008). 
3.1.4 Environmental efficiency 
Mainstream deammonification could make it possible to achieve energy-neutral MWW treatment, even in WWTPs with total nitrogen removal, and only internal sludge production used to produce energy in digestion. In theory, municipal wastewater treatment could even become energy producing with mainstream deammonification, which is a highly appealing prospect as currently MWW can have high energy demand. For instance, in Germany wastewater treatment accounts for 20 % of energy consumption of all municipal facilities (Gilbert et al. 2014b). Together with the fact that energy production in the European Union mostly comes from burning coal, wastewater treatment is a significant cause of fossil CO2 emissions in EU (Lotti 2016). 
Besides the clear improvements on chemical consumption and energy efficiency that deammonification enables, also other environmental factors should be considered. Currently, the N2O emissions of deammonification are the main cause of concern. N2O is a greenhouse gas with approximately 300 times the greenhouse gas potential of carbon dioxide. N2O also causes ozone depletion in the stratosphere. N2O emissions are formed in nitrification and denitrification with highly variable emissions between WWTPs. The amount of N2O production measured in activated sludge systems varies from 0-14.6 % of the total nitrogen load (Kampschreur et al. 2009a). For sustainable wastewater treatment, N2O emissions should be minimised. 
Like conventional nitrogen removal processes, deammonification processes have also been found to produce N2O emissions. The amount of N2O emissions measured varies. In full-
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scale sidestream applications, 1.2-2.3 % of the total N load was found to be emitted as N2O (Kampschreur et al. 2008, 2009b, Yang et al. 2016). Higher N2O formation was found in an industrial application, with N2O emitted 5.1-6.6 % of N load (Desloover et al. 2011). These emissions are not likely caused by anammox bacteria (Strous et al. 1999, Okabe et al. 2011), but are caused by hydroxylamine oxidation, nitrifier denitrification or incomplete denitrification (Kampschreur et al. 2009a). There is no conclusion on the dominant pathway of N2O production in deammonification systems, as both AOB (Ali et al. 2016) and HB (Wang et al. 2016, Domingo-Felez et al. 2017) have been found dominant. It is apparent that N2O formation dynamics in deammonification are complex, and depend on both biomass composition and process conditions, which are namely low DO levels and increased NO2− concentrations (Kampschreur et al. 2009a). 
Besides N2O emissions, another environmental effect that deammonification may have is related to micropollutants, which are individual compounds in wastewater that reduce effluent quality and can have ecological effects. For instance, pharmaceuticals enter WWTPs, and approximately 50 % in total are removed in the AS process (Eggen et al. 2014). Currently few countries require micropollutant removal from MWW, but growing concern about certain micropollutants e.g. endocrine disrupting compounds cause increased research effort into micropollutant removal (Ødegaard 2016). So far there are few studies on the efficiency of micropollutant removal in deammonification systems, but it looks like biofilm based systems have higher micropollutant removal than suspended sludge systems (Falås 2012, 2013, Laureni et al. 2016).  

3.2 Deammonification biomass 
3.2.1 Biomass composition 
As previously discussed, deammonification is based on the activity of two bacterial groups: aerobic and anaerobic ammonium oxidisers (AOB and AMX). Deammonification relies on the enrichment of these two groups in biomass, but inevitably other groups also exist in the biomass (Persson et al. 2014). AOB and AMX have complex interrelations with NOB and HB, which involves the feeding of substrates from one group to another. Figure 7 illustrates the symbiotic interrelations of these bacteria. The presence of HB and especially NOB is problematic, as they are competitors for the substrates of deammonification (see next chapter). Controlling the activity of the competing bacterial groups becomes possible, when the biomass composition and niche partitioning is known. This practice is referred to as microbial management (Vlaeminck et al. 2012). 
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Figure 7. Substrate feeding between the microorganisms involved in deammonification. 
The biomass composition in deammonification systems is based on either the formation of granules or biofilms, with flocculent biomass formation promoted or flocs removed. The biomass consists of the anaerobic anammox bacteria forming aggregates or biofilms, with AOB and other aerobic bacteria inhabiting the surface of the granules or biofilms. Aerobic bacteria residing on the surface of a granule or a biofilm depletes the DO inside the biofilm, creating an anaerobic microhabitat for AMX (Morales et al. 2015b, Almstrand et al. 2014). The stratification of biomass into aerobic and anoxic layers is illustrated in Figure 8 for a biofilm on carrier material. 

 
Figure 8. Biomass stratification to anaerobic and anoxic layers and the positioning of AOB and AMX within a biofilm on carrier material (Christensson et al. 2013). 
The transfer of the substrates O2 and NH4+ to AOB within granules and especially within biofilms is limited by mass transfer resistance. Diffusion limits the transfer of substrates, which causes substrate gradients in the biomass (Lackner & Smets 2012). The diffusion time of a solute through the biomass correlates with the size of the granule or the thickness of the biofilm (Stewart 2003). The substrate gradients created by diffusion limitation are a cause of greater biomass heterogeneity and complexity in biofilms compared to flocculent biomass (Lackner & Smets 2002). This complexity provides variable conditions for growth in a single biofilm, which is why biofilms are able to sustain a greater diversity of bacterial species (Lackner et al. 2015). This complexity also makes the growth kinetics of attached growth systems different from suspended growth systems. 
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The preferences and requirements for living conditions differ between nitrifiers, anammox bacteria and denitrifiers, causing them to seek different types of environments but also to form different types of aggregates in suspended growth. Anammox bacteria have been found to form larger and heavier aggregates with reddish brown colour (Wett et al. 2007, Vlaeminck et al. 2010), while nitrifiers and denitrifiers are inclined to form smaller and lighter aggregates (Winkler et al. 2012b, Han et al. 2016b). These differences in aggregate size and density makes it possible to distinguish AMX from nitrifiers and denitrifiers based on biomass characteristics, and to increase the SRT of AMX by selecting only the large or heavy AMX granules and washing out flocculent biomass (Wett et al. 2013). 
Although separating granules from flocculent biomass can be done, not all nitrifiers and denitrifiers can be removed. Aerobic bacteria residing on the surface of the granules consist of not only AOB but also NOB and HB, and these bacteria have also been observed to reside deep within the granules (Han et al. 2016b). Denitrifiers were found to be the dominant bacterial group in the flocculent biomass (Lotti et al. 2015), which makes is preferential to remove flocculent biomass from a granular system, although this action washes out also some AOB. 
In biofilm-based systems, denitrifiers can mostly be found in the flocculent biomass, while some HB also reside on the surface and the inside of the biofilm (Almstrand et al. 2014, Persson et al. 2014). The position of AOB on the surface of biofilms causes AOB to be subject to shear forces (Veuillet et al. 2014). Detachment of AOB from biofilm by shear forces, as well as the tendency of AOB to form small flocs, has been found to cause a significant portion of AOB to stay out of the biofilm in fixed-film systems (Veuillet et al. 2014, Laureni et al. 2016). 
3.2.2 Competition between bacterial groups 
The nitrogen removal performance of deammonification depends on how well the ammonium oxidisers AOB and AMX are able to compete for substrates against NOB and HB. The substrate competition between these groups is presented in Figure 9. Heterotrophic bacteria are problematic for deammonification in the presence of organic carbon both in oxic and anoxic conditions. In oxic conditions, heterotrophs compete for oxygen with AOB and NOB. As nitrification is autotrophic, HB are able to outcompete AOB in oxygen-limited conditions as they have higher growth rate and biomass yield. In anoxic conditions, heterotrophic bacteria grow faster, improving the competitive advantage of HB. 

 
Figure 9. Participation of AMX, AOB, NOB and denitrifiers (HB) in the competition for the substrates NH4+, O2 and NO2−. 
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Even though HB act as competitors of NO2− and oxygen, the activity of denitrifiers may be beneficial to overall nitrogen removal performance. HB activity reduces NO3− concentrations in the effluent, and moreover can supply AMX with NO2− by partial denitrification (Chen et al. 2009). Nevertheless, HB have been observed to take up the space of nitrifiers on AMX granules (Geilvoet et al. 2016). Due to this and the depletion of NO2−, HB growth should be prevented in deammonification processes. Whereas HB activity can improve effluent quality, NOB activity is always harmful to the process. NOB activity deteriorates effluent quality and uses up oxygen, which is why the out-selection of NOB is the key target of MD. It is however difficult to eliminate all NOB. Even small quantities of NOB can have high activity, if the process conditions favour NOB (Trojanowicz et al. 2016). Strategies for the out-selection of NOB will be discussed in Chapter 4.3. 
3.2.3 Effect of pH 
pH has a complex effect on deammonification through substrate availability and bacterial inhibition, and is affected by the rates of nitritation and anammox reactions (Vlaeminck et al. 2012). Nitritation produces protons, which are only partially consumed by anammox. In wastewaters with low alkalinity, the pH level therefore reveals the rate of NH4+ oxidation (Fernández et al. 2016), and pH monitoring can be used in the operation and control of deammonification (operational strategies discussed in Chapter 4.3). 
The optimal pH level in deammonification is neutral (7-8) (van Hulle et al. 2010). pH shocks from MWW with varying quality can have serious effects on the biomass (Lackner et al. 2014), caused mainly by changes in the pH-dependent free ammonia (FA) and free nitrous acid (FNA) concentrations. FA (NH3) and FNA (HNO2) are the actual substrates of nitrification, and also have inhibitory effects on AMX, AOB and NOB (see next chapter). The concentrations of free ammonia (FA) and free nitrous acid (FNA) depend on pH and temperature, based on weak acid dissociation equilibria. NH4+ has the pKa 9.25, while HNO2 has the pKa 3.39. Figure 10 illustrates the NH4+ and NH3 equilibrium according to the pH level. An analogous relationship determines the NO2− and HNO2 equilibrium. 

 
Figure 10. Equilibrium of NH4+ and NH3 in relation to pH (Tchobanoglous et al. 2003). 
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3.2.4 Inhibition of AMX and AOB 
Due to the difficulty in cultivating the slow-growing AMX in laboratory, AMX have been seen as very sensitive organisms (Strous et al. 1999, Jettern et al. 2001). Full-scale experience in deammonification has shown that although AMX are slow-growing, AOB are more often the limiting factor in nitrogen removal (Al-Omari et al. 2015), especially in mainstream conditions (Lotti et al. 2015). The main inhibitors of AMX have been found to be dissolved oxygen and nitrite. AMX are obligate anaerobes that are reversibly inhibited by DO (Strous 2000). Initial studies reported complete inhibition of AMX at very low DO levels even at 0.03 mg/L (Jetten et al. 2001). Later experience has however shown that the effect of DO is more related to increased activity of NOB, causing process instability (Lotti 2016). 
Besides DO inhibition, much focus has also been given to the inhibitory effect of nitrite. A common inhibitor of bacterial growth, nitrite has a reversible inhibitory effect on AMX, AOB and NOB. The actual compound causing inhibition is not the same between the bacterial groups. The protonated form FNA (HNO2) inhibits AOB and NOB, while the ion NO2− is the inhibitor of AMX (Strous 2000), which was indicated by the similarities of inhibition at different pH levels (Lotti et al. 2012). Inhibitory concentrations of NO2− were found to vary, but values in the range 100-350 mg NO2−-N/L (Strous et al. 1999, Dapena-Mora et al. 2007) were initially reported. NO2− inhibition is therefore not a concern in mainstream conditions, where the total nitrogen (TN) concentration range is typically 20-60 mg N/L (Gilbert et al. 2015). Furthermore, reports of AMX inhibition at high NO2− concentrations were more likely related to NO2− accumulation, caused by loss of AMX activity (Lotti 2016). 
The main inhibitors of nitrification are FA (NH3) and FNA (HNO2), which have a reversible effect on AOB and NOB (van Hulle et al. 2010). The traditional nitrification kinetics state that the same concentrations of FNA inhibit both AOB and NOB, while NOB are more sensitive to FA (Anthonisen et al. 1976). Figure 11 is a representation of the thresholds of FA and FNA concentrations for AOB and NOB inhibition, and the pH dependence of inhibition. Higher sensitivity of NOB to FA is often utilised in sidestream deammonification for the out-selection of NOB (see Chapter 4.3.2). However, AMX are also inhibited by FA concentrations 30-40 mg N/L, which is why a high pH level can cause loss of AMX activity in SD (Lackner et al. 2014). 
Organic compounds in general have been described as inhibitive to AMX, as loss of AMX activity has been observed in the presence of various organic compounds (van Hulle et al. 2010). However, loss of AMX activity can also be caused by denitrifiers depleting NO2− and therefore affecting AMX by competition. However, AMX can also be inhibited by some compounds in the influent, especially by influent solids (Lackner et al. 2014). Methanol is toxic to AMX even at low concentrations (0.5 mmol or 16 mg CH3OH/L) (Güven et al. 2005). AMX inhibition by phosphate and sulphide was also discovered, but at levels not found in municipal wastewater treatment (Dapena-Mora et al. 2007). 
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Figure 11. Inhibition of nitrification by FA and FNA according to Anthonisen et al. (1976). The solids lines represent the upper limit of inhibition, while the dashed lines represent the lower limit. Zone 1: both AOB and NOB are inhibited by FA; Zone 2: NOB are inhibited by FA; Zone 3: no inhibition; Zone 4: NOB are inhibited by FNA. 

3.3 Reactor configurations 
3.3.1 Single-stage or two-stage process 
Early deammonification processes were two-stage, with partial nitritation and anammox separated into two reactors. Initially single-stage deammonification systems were believed to be less stable than two-stage systems, mainly due to AMX inhibition by oxygen and nitrite (Siegrist et al. 2008). The first full-scale deammonification process implemented the SHARON process for partial nitritation at a high temperature (Hellinga et al. 1998), followed by a pure anammox reactor (Vazquez-Padin et al. 2011). These types of systems have however become less popular, and single-stage processes combining both partial nitritation and anammox in a single reactor account for almost 90 % of all full-scale deammonification processes (Lackner et al. 2014). Single-stage process configurations have been selected because they require less space and have lower investment costs. 
Although single-stage deammonification systems are more popular, two-stage processes have the benefit of creating custom control for the process conditions of partial nitritation and anammox separately. Other benefits of two-stage processes include reduced inhibition of AMX, as possible inhibitors enter the partial nitritation reactor first and are degraded, thus making the process more robust (Morales et al. 2015a). Separate reactors for partial nitritation and anammox can also reduce organic carbon loading to the anammox reactor, which can reduce competition by denitrifiers (Fernández et al. 2016). Alkalinity control may be needed in partial nitritation reactors, as alkalinity is consumed by nitritation. 
The disadvantage of single-stage processes is that more trade-offs between optimising partial nitritation and anammox have to be made. Especially finding a DO level suitable for 
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both AOB and AMX has proved to be difficult (Wett et al. 2013), as higher DO levels provide higher nitrite production, but inhibit AMX activity and can cause nitrate accumulation by NOB. Two-stage processes can benefit from AMX not being affected by aeration. However, dissolved oxygen can reach the anammox reactor in the effluent from the partial nitritation reactor, as this effluent can have high DO levels (Piculell et al. 2016a, Gao et al. 2014). The main advantage of two-stage processes therefore is not DO control but that the activity of NOB can be better suppressed (discussed in Chapter 4.3) without affecting AMX (Piculell et al. 2016b). 
3.3.2 Batch-mode or continuous mode 
Batch-mode operation of deammonification processes has been more popular than continuous mode in full-scale applications (Lackner et al. 2014). The sequencing batch reactor (SBR) is one of the most common reactor types used in deammonification, which has been applied since the discovery of anammox (Fernández et al. 2016). SBR technology accounted for 50 % of all full-scale deammonification processes in 2014 (Lackner et al. 2014). SBR is operated in operation cycles, where aerated and non-aerated phases alternate, followed by settling and selection phases (Figure 12). The length and feeding ratio can be adapted according to influent load. SBR processes are most often fully-mixed systems with suspended growth biomass. 

 
Figure 12. Basic operating sequences of a sequencing batch reactor. 
Batch mode can require significant amount of storage space for influent, as incoming wastewater needs to wait for the completion of the batch sequence before processing (with a single SBR treatment line). Batch processes are therefore more suited for small flow rates. Continuous mode of operation offers more flexibility with fluctuating flow rates, but batch mode can be preferential for NOB suppressing. Higher concentration of substrates in the beginning of the sequence helps control NOB activity (Malovanyy et al. 2015a). However, the concentrations of incoming inhibitory compounds will also be higher. The extent of these effects however depends on the ratio of filling to the total reactor volume. 
3.3.3 Suspended growth systems 
Most commonly, deammonification systems utilise technologies based on suspended growth with bacteria aggregated into flocs or granules (Lackner et al. 2014). Two approaches to suspended growth technologies can be categorised. The first approach 
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involves the growth of AOB as flocculent biomass and the growth of AMX as small granules (Wett et al. 2013). Deammonification based on pure flocculent biomass is less common, as the slow growth rate of AMX requires good biomass retention (Laureni et al. 2015). In the first approach, the two types of biomass are separated in order to retain AMX and wash out NOB (i.e. set two separate SRTs). Separation of the biomass types can be done based on the size or density of granules. Mechanical appliances such as hydrocyclones or sieves can be applied to select the AMX granules, while the flocculent biomass containing NOB is washed out. 
The second approach promotes the formation of large granules with AOB on the surface. Large granules have better settling properties, and therefore AMX can be easily retained, while flocculent biomass containing NOB is removed (Lotti et al. 2014a). With large aggregates, higher mass transfer resistance for substrates is involved (Stewart 2003). Small granules and flocculent sludge have faster substrate diffusion, leading to higher activity with smaller biomass concentrations (Lackner et al. 2014). Improved substrate diffusion can therefore improve nitrogen removal efficiency, but on the other hand improved oxygen transfer can harm AMX in a single-stage system. Large granules can protect AMX from bulk liquid conditions such as high levels of DO and other inhibitors. Large granules can also be separated from incoming solids more efficiently than small granules (Morales et al. 2015b). It also seems that washing out NOB is easier when granules size is increased, as NOB prefer smaller granule sizes and flocs (Lotti et al. 2015). 
3.3.4 Attached growth systems 
Technologies based on attached growth have been less common than suspended growth in full-scale applications of deammonification (Lackner et al. 2014), but are gaining popularity as an improved way of increasing biomass retention (Lemaire et al. 2016). Attached growth is based on the formation of biofilm on reactor constructions, or most often on carrier material. The most common attached growth technology is the moving bed biofilm reactor (MBBR), in which carrier material moves freely and provides a large surface area for bacterial growth. The key parameter in MBBR design is the effective biofilm area, which depends on the bulk specific surface area of the carriers (expressed as m2/m3). Carriers are kept in the reactor by an outlet sieve. The MBBR process is compact, as no sludge recycling is needed. 
The biomass composition on the carriers is influenced by biofilm thickness. Thick biofilms have greater complexity and provide better protection from bulk liquid conditions to anammox bacteria. Very thin biofilms are therefore better suited for two-stage processes (Piculell et al. 2016a). Biomass composition is also influenced by the concentration on flocculent biomass in the reactor (Veuillet et al. 2014). It was found that introducing flocculent biomass recycling to MBBR reactors improved the AOB retention and activity (Malovanyy et al. 2015b, Lemaire et al. 2016). This configuration is called the integrated fixed-film activated sludge (IFAS) system. When IFAS was combined with MBBR technology, a change in biofilm stratification was found to take place, as shown in Figure 13. The layer of aerobic bacteria on the biofilm became thinner, as AOB preferred to stay in flocs (Veuillet et al. 2014). 
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Figure 13. Change in the biofilm composition caused by IFAS adaptation to MBBR (Veuillet et al. 2014). AnAOB stands for anaerobic ammonium oxidising bacteria (i.e. AMX). 
3.3.5 Commercial technologies available for deammonification 
The most popular commercial system for deammonification is the DEMON® technology by the Swiss company Demon GmbH (formerly cyklar-stulz). DEMON® is based on suspended growth with AMX in small granules and AOB in flocculent biomass (Lackner et al. 2014). Hydrocyclones are used for selective biomass retention according to Figure 14. One or more hydrocyclone is used to separate the denser AMX granules as underflow, while the lighter flocs containing both NOB and AOB are wasted as overflow. A decanter is used to discharge clarified wastewater from the surface. The DEMON® process is most commonly applied in sequencing batch reactors, and the basis for process control is a patented pH based feed (Wett et al. 2007). Nitrogen removal rates (NRR) achieved in DEMON® processes amount up to 0.6 kg N/m3/d (Wett et al. 2007). 

 
Figure 14. Flow diagram of the DEMON® system. 
Besides the DEMON® technology, another well-known one-stage SBR technology for deammonification is the PNAA process. Developed by the Swiss research institute Eawag (Joss et al. 2011), PNAA is based on NH4+ controlled feeding (Lackner et al. 2014). Several other one-stage SBR technologies are also marketed such as ClearGreen™ by Degrémont, ELAN® by the Spanish company Aqualia and NAS® by the Dutch company Colsen. 
Suspended growth with large granules is applied in the ANAMMOX® technology by the Dutch company Paques. First applied as a two-stage suspended growth process, the 
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ANAMMOX® technology is now a single-stage granular up-flow process (Figure 15), operated in continuous mode. The sludge age is controlled based on granule size with the purpose of forming large granules (Lotti et al. 2015). A tilted plate separator is used to separate the granules from the effluent, while also the small granules and flocculent biomass are removed (Geilvoet et al. 2015). The ANAMMOX® technology has been applied especially in the treatment of industrial wastewaters (Lackner et al. 2014), reaching ammonium loading rates of >2 kg NH4+-N/m3/d (Remy et al. 2016).  

 
Figure 15. Flow diagram of the ANAMMOX® process with a tilted plate separator for biomass selection. 
Attached growth technologies for deammonification have mainly been MBBR based, but also a rotating biological contactor (RBC) was used in the OLAND® process developed in Ghent University in Belgium (De Clippeleir et al. 2011, 2013). MBBR technologies have been developed by two Swedish companies: Purac and AnoxKaldnes. The DeAmmon® is a MBBR system by Purac, which was applied in the first full-scale deammonification application in Scandinavia in 2007. However, the most commonly used MBBR technology 
is the ANITA™ Mox by AnoxKaldnes (part of Veolia). ANITA™ Mox is a single-stage MBBR system as shown in Figure 16 a). ANITA™ Mox systems are currently gaining popularity for sidestream deammonification and have achieved nitrogen removal rates amounting to 1.2 kg N/m3/d (Christensson et al. 2013). 

 
Figure 16. a) Flow diagram of ANITA™ Mox MBBR process. b) Flow diagram of IFAS ANITA™ Mox process including sludge recycling. 
A variation to the ANITA™ Mox process is based on the IFAS configuration, as shown in Figure 16 b). Marketed as Hybas™, the IFAS configuration integrates sludge recycling to MBBR, and has been reported to increase nitrogen removal by 3-4 times compared to pure 
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MBBR configuration (Veuillet et al. 2014). Nitrogen removal rates that have been achieved 
with IFAS ANITA™ Mox have been reported at 2.4 kg N/m3/d (Lemaire et al. 2016). 
Besides the ANITA™ Mox and DeAmmon® technologies, not many commercial attached growth technologies for deammonification exist, as the OLAND® process is no longer marketed. One attached growth commercial application called TERRANA® by the German company E&P is available, which involves the use of bentonitic clay both as media and as alkalinity source, in a two-stage deammonification process (Lackner et al. 2014). 
Different carrier materials can be used in MBBR and IFAS MBBR systems. Often the polyethylene carrier models by AnoxKaldnes are used. K5 is the most popular carrier type (Figure 17 a). K5 have the size of 25 mm x 3.5 mm (diameter vs. depth) with the protected surface area of 800 m2/m3. Newer models are the Z-type carriers that aim to control the thickness of biofilm (Figure 17 b-c). The Z-type carriers have a grid of specific height (e.g. 200 µm in Z-200 carriers), over which the biofilm cannot grow due to shear forces (Piculell et al. 2016a). Other types of media such as porous non-woven fabric have been used in bench-scale studies (Isaka et al. 2007, Laureni et al. 2016). 

  
Figure 17. Examples of AnoxKaldnes carriers: a) K5 (c/o AnoxKaldnes AB), b) Z-200, c) Z-400 (Piculell et al. 2016b). 
  

a) b) c) 
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4 CHALLENGES IN MAINSTREAM DEAMMONIFICATION 
4.1 Differences between mainstream and sidestream deammonification 
Whereas sidestream deammonification is already an established technology, mainstream deammonification is still in the development phase. Unstable process performance has been widely reported in mainstream conditions. The two main obstacles for MD are the ambient temperature and high COD/N ratio in MWW. Table 2 shows that sidestream conditions are close to ideal for anammox bacteria. Mainstream conditions however promote the activities of NOB and denitrifying bacteria, which compete for the substrates of AOB and AMX causing biomass instability. Furthermore, the slow-growing AMX and AOB can have very low activities in cold temperatures. MD biomass should be able to survive winter temperatures, which can be as low as 5 °C in northern climates. 
Table 2. Comparison of typical mainstream and sidestream wastewater properties. 

  Mainstream Sidestream 
Total nitrogen 20-60 mg N/L 500-2 000 mg N/L 
COD/N ratio 10-12 <2 
Temperature 10-20 °C >30 °C 

Another challenge of MD is the fluctuating flow rate and quality of MWW. MWW also contains complex mixtures of organics (Laureni et al. 2015), which could be inhibitory to AMX. Although the loading to the MD process varies, the effluent quality needs to be consistent. The effluent from SD can have non-dischargeable nitrogen concentrations, because it is led back to the water process. The effluent from MD however needs to meet the operational requirements of the WWTP, unless tertiary treatment methods are applied. In Finland, effluent total nitrogen limits are usually 10-20 mg N/L, and the ammonium limits are 2-4 mg NH4+-N, depending on plant location and conditions. The MD process needs to be robust, so that these limits can be met year-round. 

4.2 Main challenges of mainstream deammonification 
4.2.1 High COD/N ratio 
A high COD/N ratio causes two issues in mainstream deammonification. First, the presence of COD promotes the activity of denitrifiers, and second, the low ammonium concentration results in low substrate availability for AOB and AMX. The COD should be removed prior to MD, to prevent HB outcompeting AOB for oxygen, and AMX for NO2–. COD should also be removed so that maximum energy production in anaerobic digestion can be achieved. It can however be difficult to remove all COD (see Chapter 5.2). Refractory COD in MD influent can cause high HB activities (Xu et al. 2015). 
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Some studies have however found it beneficial to have HB coexisting with AMX, because denitrification can improve total nitrogen removal. The coexistence of AMX and HB has been observed at COD/N ratios at 1.1-2.7 (Han et al. 2016a), 1.4-5 (Gao et al. 2013) and even at 10 (Regmi et al. 2014), producing total nitrogen removal rates of 66 %, 93 % and 57 %, respectively. In fact, anammox bacteria have sometimes been found to even outcompete HB for organic carbon (Jenni et al. 2014). The possibility of partial denitrification, with HB converting NO3− back to NO2− for AMX, will be discussed in Chapter 5.1.4. 
Low NH4+ levels in MWW may be more problematic for MD process performance than refractory COD. Low NH4+ concentrations can cause substrate unavailability to AMX, if NOB and HB activities consume NO2−. Low NH4+ concentrations also seem to affect the kinetics of AOB, by benefiting NOB in the competition for oxygen. This will be further discussed in Chapter 4.3.2. 
4.2.2 Low temperature 
Previously, the overall concept of deammonification in psychrophilic conditions has been subject to doubt (Isaka et al. 2007, Dosta et al. 2008). Anammox bacteria were not believed to survive in <20 °C temperatures, although anammox activity has been found in ocean sediments, in temperatures as low as -2 °C (Rysgaard et al. 2004), with optimum temperatures at 12 °C (Rysgaard et al. 2004) or 15 °C (Dalsgaard & Tamsdrup 2002). Together with the findings of AMX at deep-sea hydrothermal vents with temperatures >100 °C (Byrne et al. 2009), it is clear that the anammox reaction is not limited to mesophilic temperatures. AOB are also known to be active in a wide range of temperatures, although AOB activity decreases at psychrophilic temperatures. NOB have variable temperature optima, as Nitrotoga are psychrophilic (Daims et al. 2016), and some Nitrotoga have optimum temperatures at 10-17 °C (Saunders et al. 2016). Depending on the species, some NOB can therefore thrive at low temperatures, while the mesophilic AOB and AMX suffer from loss of activity.  
Although AMX can survive in a wide range of temperatures, anammox applications have experienced substantial loss of AMX activity with temperature drops, leading to nitrite build-up and system instability (Isaka et al. 2007, Dosta et al. 2008, Persson et al. 2014, Lackner et al. 2015). The focus of early research was therefore to demonstrate the ability of AMX to survive at low temperatures. Highly enriched AMX biomass was shown to have stable nitrogen removal with synthetic wastewater at 6 °C (Isaka et al. 2008) and at 12 °C (Hu et al. 2013), and with nitrite-amended MWW at 10 °C (Lotti et al. 2014a, Hendrickx et al. 2014). Once anammox in low temperatures was established, studies in low temperatures quickly progressed to deammonification. Without highly enriched AMX quantities, stable deammonification was demonstrated with real MWW at 15 °C (De Clippeleir et al. 2013), as well as the ability of AMX to recover from a sudden temperature drop to 11 °C (Laureni et al. 2016), although dramatic loss of AMX activity occurred in both cases. Results from a selection of studies at low temperature are shown in Table 3. 
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Table 3. Bench-scale pilot performance of pure anammox or deammonification processes at low temperatures. 
Process type Reactor type T (°C) NRR* (kg N/m3/d) Reference 
Pure anammox Highly enriched AMX biomass on gel carriers 6.3 0.36 Isaka et al. (2008) 
Pure anammox Highly enriched AMX biomass in a fluidised bed reactor 

10 0.34 Lotti et al. (2014a) 
Pure anammox Highly enriched AMX biomass in a gas-lift reactor 10 0.027 Hendrickx et al. (2014) 
Pure anammox Suspended sludge SBR 12.5 0.046 Laureni et al. (2015) 
Deammon-ification Highly enriched AMX biomass in a SBR 12 0.028 Hu et al. (2013) 
Deammon-ification Rotating biological contactor 15 0.4-0.6 De Clippeleir et al. (2013) 
Deammon-ification Two-stage process with SBR and up-flow fixed-bed biofilm reactor 

12 0.83 Gao et al. (2014) 

*NRR: nitrogen removal rate. 
After deammonification at low temperatures was demonstrated, focus moved to microbial management at low temperatures. Maintaining a balance between AOB and NOB activities is as important as retaining AMX activity (Gilbert et al. 2015). Conventionally, NOB are expected to have higher growth rates than AOB at low temperatures (Trojanowizc et al. 2016), which could be observed in several studies (De Clippeleir et al. 2013, Ma et al. 2013, Persson et al. 2014). In light of new research on Nitrotoga (Daims et al. 2016), it however seems that the effect of temperature on NOB is highly dependent on NOB community structure. Some studies even found that NOB were more affected by low temperatures than AOB (Gilbert et al. 2014b, 2015). 
Currently, the main challenge of low temperature is the halting of AMX and AOB biomass growth, as well as the increased activity of NOB. Loss of AOB activity and increased NOB activity cause insufficient NO2− availability for AMX, which is generally considered to be the bottleneck of deammonification (Lotti et al. 2015). In some studies, NOB activity consumed almost 100 % (Lackner et al. 2015) or 80 % (Gilbert et al. 2014b) of NO2−-N, leaving AMX without substrates. On the other hand, NO2−-N build-up was observed at 10-15 °C in several studies with suspended (Hu et al. 2013) or attached growth biomass (De Clippeleir et al. 2013, Persson et al. 2014). 
In low temperature deammonification studies, most commonly the AMX species Candidatus ‘Brocadia fulgida’ was dominant (Hu et al. 2013, Gilbert et al. 2014b, Laureni et al. 2015). This species was also reported in two studies (Winkler et al. 2014a, Hendrickx et al. 2014) to be selected by a temperature decrease, although most studies observed no 
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change in community composition (Dosta et al. 2008, Hu et al. 2013, Persson et al. 2014, Lotti et al. 2014a). It however seems that Ca. ‘B. fulgida’ is more cold-tolerant than other AMX species, and it has also been observed to adapt to low temperatures (Gilbert et al. 2015, Hu et al. 2013). 
Although community composition was mostly reported to be stable, loss of biomass diversity was reported in two studies (Persson et al. 2014, Wu et al. 2016). It is possible that loss of bacterial diversity is the cause for the loss of nitrogen removal performance experienced at low temperatures. Synergism between AOB and AMX, and bacterial species not involved in deammonification reactions, is not yet understood, but flanking communities could degrade inhibitory compounds or improve process performance in other ways (Wu et al. 2016). Loss of diversity might therefore reduce the ability of deammonification systems to recover from temporary temperature drops. Generally, process optimisation especially by improving biomass retention will alleviate loss of AMX and AOB activities, while also prevent loss of bacterial diversity (Hu et al. 2013, Gilbert et al. 2015). 
4.2.3 Variation in process conditions 
Variation in MD process conditions is caused by the fluctuating flow rate and quality of MWW. The dynamic nature of MWW generation causes diurnal variation in flow rates. The nitrogen loading to the MD process will therefore fluctuate, which the slow-growing AMX and AOB should be able to manage with consistent nitrogen removal. Besides diurnal flow rate variation, the MD process should also be robust against seasonal or weather-related flow rate variation. Influent flow fluctuation can be experienced especially in combined sewer systems. Heavy rainfall and snow melt are particular causes for high inflow, which can cause washout of biomass, especially in suspended growth systems. 
Seasonal variation in temperature can be gradual or sudden. Sudden temperature drops can be caused by snow melt or weather conditions especially in exposed WWTPs, and they can have severe effects on MD process stability. The ability of AMX to retain activity with sudden temperature drops seems to be related to the amount of AMX biomass present before the decrease in temperature (Isaka et al. 2008, Hu et al. 2013). Based on this, attached growth technologies for MD can be favoured as they have better AMX retention (Lackner et al. 2014). The ability of attached growth processes to recover from temperature drops seems to be improved by increasing biofilm thickness (Lotti et al. 2015, Gilbert et al. 2015). A thick biofilm is able to shield AMX from unfavourable bulk liquid conditions (Lackner et al. 2015), as well as retain higher amounts of AMX (Gilbert et al. 2015).  
Contrary to temperature drops, suddenly increased temperature was found to be beneficial for AMX activity, and to improve total nitrogen removal (Veuillet et al. 2015, Piculell et al. 2016b). Intermittent feeding of reject water boosted the activity and growth of AOB and AMX, which could be contributed both to the higher temperature and the higher NH4+-N concentration in the reject water. 
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Variation in process conditions can also be caused by process maintenance, mechanical failures or operational errors. These types of accidents can have serious effects on MD stability (Lotti et al. 2014a, Malovanyy et al. 2015b). Equipment failures or errors in process operation were often reported to impair process performance by causing NOB breakouts (Joss et al. 2011, Lemaire et al. 2016). Less often, technical problems had no effect (Laureni et al. 2016, Geilvoet et al. 2015). This shows that MD processes are sensitive, and that process operation is challenging. Equipment failures can be especially harmful in MD processes, which rely heavily on online monitoring (see Chapter 4.3.4). 
4.2.4 Nitrogen removal efficiency 
The viability of MD depends on the nitrogen removal efficiency that can be achieved. As the effluent limits for nitrogen are becoming increasingly stringent in several countries, MD should be able to achieve the same nitrogen removal rates that conventional nitrogen removal achieves: 0.05 kg N/m3/d at 20-30 °C and 0.03 kg N/m3/d at 15 °C (Laureni et al. 2016). It is not feasible to switch over to deammonification if reduces the nitrogen removal efficiency, unless tertiary treatment is also applied for nitrogen polishing. In the European Union, the total nitrogen removal efficiency required in municipal wastewater treatment is generally 70 %, and the effluent limit is 10 mg N/L. In Finland, higher removal efficiencies (80 %) are required at larger WWTPs such as Viikinmäki WWTP. Effluent limits are only rarely set for Finnish WWTPs, and some WWTPs have no total nitrogen requirements during winter time. 
The theoretical TN removal potential of the deammonification process is 89 %, with 11 % of ammonium converted to nitrate. With partial nitritation acting as the bottleneck of MD (Lotti et al. 2015), achieving this high TN removal at mainstream conditions is not likely, unless denitrification is combined with deammonification. In most MD pilots and bench-scale studies, total N removal efficiencies of 50-70 % were achieved, as can be seen in Table 4. The nitrogen removal rates (NRRs) were often significantly higher than the typical removal rates of conventional nitrogen removal. In these pilots, lower TN removal was mainly caused by loss of AOB and AMX activity due to low temperature and increased NOB activity, causing NO3− accumulation. Higher nitrogen removals than shown in Table 4 (93 % reported by Gao et al. 2014) have been achieved by combining deammonification and denitrification. 
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Table 4. Nitrogen removal in selected MD studies with real MWW at low or ambient temperatures. 
Process type T (°C) COD/N ratio Nitrogen removal rate (kg N/m3/d) TN removal efficiency (%) Reference 
2.5 L rotating biological contactor 14-29 2 0.40-0.60 (at 15 °C) 30-40 % (at 15 °C) De Clippeleir et al. (2013) 
1.0 L up-flow fixed-bed biofilm reactor 12-27 2 0.83 80-85 % Gao et al. (2014) 
12 L MBBR compared to 12 L IFAS MBBR 11-29 2 MBBR: 0.03; IFAS: 0.026 (at 15 °C) 

MBBR: 70%; IFAS: 60 % Laureni et al. (2016) 
0.2 m3 plug-flow reactor followed by 0.16 m3 clarifier 

19-31 1.4 0.11 70 % Han et al. (2016b) 
4 m3 granular up-flow reactor followed by tilted plate separator 

17-23 2 0.05-0.10 50-60 % Geilvoet et al. (2015) 
2 m3 IFAS MBBR 15-23 *1.5-2 0.17-0.40 70-85 % Lemaire et al. (2016) 
0.2 m3 IFAS MBBR 15-25 *2 0.046-0.055 55-75 % Plaza et al. (2016) 
50 m3 IFAS MBBR (with intermittent reject feeding) 

12-18 / 20-28 <1 0.077-0.18 40-50 % Veuillet et al. (2015) 
*COD/N ratio given as sCOD/NH4+-N ratio. 

4.3 Managing competition between bacterial groups 
4.3.1 Overview of strategies for the out-selection of NOB 
Mainstream deammonification can achieve good total nitrogen removal, if the complex and interrelated microbial activities of AMX, AOB and NOB are successfully managed. Besides biomass retention, NOB out-selection is the most important operational target in mainstream deammonification. An indicator for the success of NOB out-selection is the relative NO3− production/NH4+ removal rate, which expresses the balance of AOB and NOB activities. Strategies developed for keeping the NO3− production/NH4+ removal ratio low are listed below in Table 5. In mainstream conditions, several of these strategies may need to be applied at once. 
NOB out-selection strategies for MD are primarily based on optimising DO, NH4+ and NO2− levels in such a way that ammonium oxidation is favoured over nitrite oxidation (Regmi et al. 2014). A main principle for achieving this is keeping residual NH4+ concentrations in the process, which favours AOB over NOB in oxygen limited conditions (Malovanyy et al. 2015a). By keeping residual NH4+ levels, non-limiting conditions are provided for AOB, while NOB can be deprived of substrates by applying intermittent aeration. 
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Table 5. NOB out-selection strategies applied in deammonification processes and their applicability in mainstream conditions. 
Strategy Mechanism Applicability in mainstream conditions 
Residual ammonium Based mainly on providing non-limiting NH4+-N for AOB to keep AOB activities high 

Maintaining high concentrations of active AOB improves the competitive edge of AOB, resulting in lower NOB activities (Malovanyy et al. 2015a, Poot et al. 2016) 
Inhibition-based control Based on exposing NOB to inhibitory levels of FA and FNA 

Applicable mostly in SD, because concentrations of FA and FNA are low in mainstream conditions 
Low DO concentration Deprive NOB of substrate; based on AOB having higher oxygen affinities than NOB 

Can be effective (Veuillet et al. 2015, Laureni et al. 2017), but NOB have been reported to adapt to low DO (Wett et al. 2013) 
High DO concentration Provide non-limiting DO for AOB to keep AOB activities high 

Can be effective when AOB activity is limiting, and when NOB have adapted to oxygen limitation (Wett et al. 2013, Regmi et al. 2014, Han et al. 2016a) 
Intermittent aeration Induce transient anoxia and control the availability of NOB substrates (DO and NO2−-N) 

Effective especially in suspended growth systems (Isanta et al. 2015, Regmi et al. 2014), but also in IFAS MBBR systems (Plaza et al. 2016, Lemaire et al. 2016) 
Aerobic SRT control Short SRT for both AOB and NOB; often combined with intermittent aeration control 

Can be efficient when AOB activity is not limiting (Regmi et al. 2014, Han et al. 2016b) 

It should be noted that the efficiency of the strategies listed in Table 5 is based on expectations of AOB and NOB kinetics. Previously (see Chapter 2.3.2), it was discussed that not much is known about NOB in general, and even the role of NOB as mere nitrite oxidisers could be debatable (Daims et al. 2016). Consequently, there is no consensus of NOB kinetics. Traditionally, the oxygen affinities of cultivated Nitrobacter have been used to formulate strategies for NOB out-selection. A widely recognised theory states that NOB can be suppressed by oxygen limitation, as AOB have usually been found to have higher oxygen affinity constants (KO) than Nitrobacter. It was however observed in several MD piloting studies that NOB had higher oxygen affinities than AOB (Wett et al. 2013, Malovanyy et al. 2015b, Han et al. 2016a). Furthermore, NOB were observed to adapt to oxygen limitation (Wett et al. 2013), as well as high ammonium concentrations (Piculell et al. 2016a). 
Generally, it can be remarked that AOB and NOB kinetics depend on community composition, and therefore both high and low DO concentrations can be effective in NOB out-selection. Oxygen limitation can be expected to work better when Nitrobacter are dominant, because Nitrobacter have low oxygen affinities, and can therefore be out-competed by AOB (Isanta et al. 2015). The most common NOB species have however recently been found to be Nitrospira and Nitrotoga (Lücker et al. 2015, Saunders et al. 2016), which were found to have higher oxygen affinities than Nitrobacter. However, oxygen affinities are mostly relevant in suspended growth systems. In biofilms, substrate diffusion impacts AOB and NOB activities more than substrate affinities (Malovanyy et al. 
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2015a). Overall, nitrification kinetics should be treated with caution, because both affinity and inhibition constants for AOB and NOB are dynamic and depend on a variety of factors (Nowka et al. 2015).  
4.3.2 Residual ammonium and inhibition-based control 
Low NH4+-N concentrations have been linked to higher NOB activities, because NOB have a competitive advantage for oxygen when AOB are limited by NH4+-N availability (Malovanyy et al. 2015a). Furthermore, based on conventional AOB and NOB kinetics, AOB are expected to have higher growth rates when the NH4+-N concentration is >2 mg NH4+-N/L (Chandran & Smets 2005, Al-Omari et al. 2015). Preventing the NH4+-N level in the MD process effluent from decreasing below 2 mg NH4+-N/L is therefore beneficial for AOB growth, and can result in NOB out-selection (Poot et al. 2016). 
NOB out-selection by controlling the NH4+ concentration is mainly related to ensuring the activity of AOB, but NH4+ can also directly suppress NOB via free ammonia (FA) inhibition. FA and free nitrous acid (FNA) were previously described to inhibit AOB and AMX (see Chapter 3.2.3), but their effect has generally been found to be greater on NOB. FA concentration is high when the pH is high, while FNA concentration increases with reducing pH. For FA, inhibitory concentrations vary in the range 1.5-90 mg NH3-N/L, and for FNA, in the range 0.02-1.4 mg HNO2-N/L (Piculell et al. 2016a). Although even low concentrations can be inhibitory, the FA and FNA concentrations can be expected to be very low in mainstream conditions at normal pH (Trojanowicz et al. 2016). Furthermore, inhibition-based NOB control strategies may be ineffective, because NOB are known to acclimatise to high FA levels (Piculell et al. 2016a). 
Although relying on FA and FNA inhibition as such is usually ineffective for NOB out-selection in mainstream conditions, inhibition-based control can be made more efficient by biomass modification. In attached growth processes, NOB can be protected from bulk liquid FA and FNA concentrations by mass transfer resistance, especially in thick biofilms (Trojanowicz et al. 2016). NOB can however be made more exposed to bulk liquid conditions by reducing biofilm thickness (Piculell et al. 2016a), and by converting MBBR processes to IFAS processes (Veuillet et al. 2014). However, the FA and FNA concentrations need to be increased for NOB inhibition to occur. This can be achieved with intermittent reject water feeding, which will be discussed later in Chapter 5.1.3. Mainly suitable for two-stage MD processes, intermittent reject water feeding with thin biofilms has been found to be effective for NOB control in one pilot (Piculell et al. 2016c). 
4.3.3 Effect of DO level and intermittent aeration 
The effect of aeration control is complex, as it impacts the availability of substrates to AMX and AOB, as well as to NOB. Moreover, aeration control is crucial in single-stage processes so that AMX are not inhibited by DO, but AOB are not oxygen-limited. The effect of oxygen limitation on NOB suppression is however varying and community dependent (Lackner & Smets 2012), as NOB have been found to adapt to DO levels as low as 0.06 mg/L (Wett et al. 2013). However, DO levels at 0.15-1 mg/L were found suitable in 
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several studies (Joss et al. 2011, Perez et al. 2014, Laureni et al. 2017). Other studies found that oxygen limitation had more of an effect on AOB than NOB, and that higher DO levels of 1.5 mg/L or higher (Wett et al. 2013, Regmi et al. 2014, Han et al. 2016a) or at 3-6 mg/L (De Clippeleir et al. 2013, Ma et al. 2013) were more effective in NOB out-selection. 
Besides controlling the DO concentration, aeration can also be controlled by applying intermittent aeration with aeration patterns that are cyclical in time or in space. The purpose of intermittent aeration is to induce transient anoxia to the system, and it has widely been found effective in NOB out-selection (Regmi et al. 2014, Wett et al. 2015, Han et al. 2016a). Two alternative theories have been proposed as the mechanism of intermittent aeration (Gilbert et al. 2014a). According to the first theory, intermittent aeration works due to NOB being deprived of substrates: non-aerated periods are kept long, while aerated periods are kept short, depriving NOB of one substrate, while the other is present (Malovanyy et al. 2015a). The second theory claims that NOB metabolism is inactivated during long anoxic periods in the system, that is a nitratational lag in induced (Kornaros et al. 2010, Gilbert et al. 2014a). The second theory seems not to be applicable to Nitrospira, which are known to adapt well to low DO levels and not suffer from oxidative stress (Lücker et al. 2010), which is why DO level set-points of 1.5 mg/L or higher are suggested to out-select Nitrospira (Regmi et al. 2014, Gilbert et al. 2014a) 
The effect of intermittent aeration seems to be different in suspended and attached growth systems (Trojanowicz et al. 2016). Intermittent aeration was found successful mostly in suspended growth systems, while no NOB inactivation could be detected in MBBR systems (Malovanyy et al. 2015a, Gustavsson et al. 2015). Due to oxygen diffusion limits in biofilm, long non-aerated periods are needed for oxygen to be depleted in the inner parts of the biofilm. However, transforming MBBR systems to IFAS systems has been observed to make intermittent aeration more effective (Lemaire et al. 2016, Plaza et al. 2016). In IFAS configurations, most NOB can be found in flocculent biomass, thus NOB are more affected by DO limitation (Trojanowicz et al. 2016). 
Overall, intermittent aeration can have good results in NOB out-selection (Regmi et al. 2014, Han et al. 2016a). However, intermittent aeration can also increase N2O emissions from deammonification (Kampschreur et al. 2009a, Vlaeminck et al. 2012). Aeration patterns had a clear effect on N2O emissions in a full-scale MBBR system for SD, with N2O formation taking place during the non-aerated phase (Yang et al. 2016). On the other hand, changing continuous aeration to intermittent aeration mode had no effect on N2O emissions in a pilot-scale MBBR process (Yang et al. 2013). Besides intermittent aeration, oxygen limitation was also found to have an effect on N2O production, with N2O production decreasing dramatically by increasing the DO level from 0.5 mg/L to 7.0 mg/L (Wang et al. 2016). 
4.3.4 Strategies for online aeration control 
Intermittent aeration patterns can be set simply based on trial and error in choosing the length of aerated and non-aerated periods. The non-aerated period duration should be at least 15-20 minutes so that a lag-phase in NOB activity can occur (Gilbert et al. 2014a). 
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NOB recovery was found to be unchanged with longer non-aerated periods (Gilbert et al. 2014a, Malovanyy et al. 2015a). The aerated phase duration can range from 2-7 minutes (Han et al. 2016a) to 15 minutes (Malovanyy et al. 2015b). Besides trial and error, online aeration control strategies have been developed to optimise substrate concentrations to favour AOB over NOB. Three strategies are discussed here: pH based control, DO/TAN ratio control and AvN™ control strategies. 
The pH based control strategy is based on adjusting aeration according to pH measurements, and it is applied especially in sidestream DEMON® processes (Wett et al. 2007). By careful adjustment of aeration based on pH measurements, the NH4+-N oxidation rate is controlled, thereby affecting AOB and NOB kinetics while also inducing FA and FNA inhibition on NOB. Moreover, the pH based control strategy relies on pH affecting inorganic carbon availability (Wett et al. 2007), which limits NOB activity, and possibly can select Nitrobacter instead of Nitrospira to be dominant (Fukushima et al. 2013). Although this strategy has been applied in several SD processes (Lackner et al. 2014), it has not been demonstrated for MD.  
The DO/TAN ratio control strategy is an aeration control strategy that has been developed for partial nitritation in mainstream conditions. The DO/TAN strategy is based on producing residual ammonium concentrations. Total ammonia nitrogen (TAN) is the sum of NH4+-N and NH3-N concentrations, in relation to which the DO level is controlled, relying on AOB having higher oxygen affinities than NOB (Perez et al. 2014, Isanta et al. 2015). Also called the ratio control method, maintaining a DO/TAN ratio keeps residual ammonium in the process and induces FA inhibition on NOB. This strategy has mainly been applied in two-stage MD systems and nitritation-denitritation processes in mainstream conditions (Fernández et al. 2016), finding that NH4+-N concentrations below 2-5 mg NH4+-N/L seem to favour NOB in a granular system (Poot et al. 2016),  
The AvN™ control strategy is the control of ammonia vs. NOx (AvN), which was developed for nitritation-denitritation in a suspended sludge process at the Hampton Roads Sanitation District (HRSD) in Virginia, US. Online measurements of NH4+-N, NO2−-N and NO3−-N are used to control feeding and aeration, with the objective of restricting substrate availability to NOB and inactivating NOB metabolism (Regmi et al. 2014). The set-point for the NH4+-N concentration in the process is >1.5 mg NH4+-N/L and the set-point for the DO concentration is >1.5 mg/L, thus the target ammonia to NOx ratio is 1 (Al-Omari et al. 2015). AvN™ control also includes aggressive control of aerobic SRT (see next chapter). The strategy is next being tested in the full-scale MD process at Strass WWTP in Austria (Miller 2015). 
4.3.5 Aerobic SRT control 
Aerobic SRT control is based on the application of intermittent aeration and separate SRT control, so that the aerobic time of flocculent sludge is restricted (Regmi et al. 2014). Separate SRTs are commonly set for AMX and nitrifiers mechanically in suspended sludge systems, based on keeping a short SRT for flocculent sludge (Wett et al. 2013). Separate SRTs are also set in two-stage systems, where AOB and AMX activities are separated into 
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two reactors (Han et al. 2016b). Furthermore, the IFAS configuration is based on having separate SRTs with AMX attaching to carriers, while nitrifiers are recycled in suspended sludge (Veuillet et al. 2014). 
Aggressive control of aerobic SRT is practiced, when both AOB and NOB are wasted (Regmi et al. 2014). AOB activity is retained based on assuming AOB to have higher growth rates than NOB. In mainstream conditions, a careful balance is needed to ensure sufficient AOB activity, as low AOB activity is the limiting factor for nitrogen removal in mainstream conditions (Lotti et al. 2015). Combined with other NOB out-selection methods that ensure AOB growth, aggressive control of aerobic SRT can however be justified (Regmi et al. 2014). Nevertheless, not all NOB can be wasted simply by flocculent biomass removal, as some NOB also reside within the AMX granules (Han et al. 2016b). 

4.4 Robustness of mainstream deammonification 
The ability of MD processes to tolerate variable process conditions (Chapter 4.2.3) depends on the robustness of the process, which determines the severity of the effects of disadvantageous process conditions (Lackner et al. 2015). The main factors regulating the impact of unfavourable process conditions are the concentration of AOB and AMX biomass and the effectiveness of NOB suppression strategies. Therefore, the initial state of the system, namely the success of AOB and AMX retention and NOB washout, governs the success of stable nitrogen removal with variable process conditions such as sudden temperature drops. Highly enriched AMX biomass has been found to endure low temperatures (Hu et al. 2013). Additionally, biomass type seems to have an impact on MD robustness. Only thick biofilms and large granules are able to provide permanently anaerobic conditions for AMX (Gilbert et al. 2015, Lackner et al. 2015), which can prevent loss of AMX activity. 
The impact of disadvantageous process conditions was found to correlate with initial NOB activity and quantity (Geilvoet et al. 2015). A low quantity of active NOB at the time when NOB favouring process conditions occur can result in less nitrite oxidation and NOB establishment. Prevention of initial NOB establishment is much easier than washing out already established NOB communities (Piculell et al. 2016a), which can thrive also when the NOB control strategies discussed above are applied. 
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5 PROCESS ALTERNATIVES FOR MAINSTREAM DEAMMONIFICATION 
5.1 Technologies for mainstream deammonification 
5.1.1 Improvements to sidestream technologies 
Mainstream deammonification processes are developed based on existing technology for sidestream processes, yet improvements are made to counteract the adverse effects of mainstream conditions. Mostly the aim is to increase AOB and AMX concentrations and induce NOB out-selection. One of the main strategies for improving MD performance is bioaugmentation from the SD process, which will be discussed Chapter 5.1.3. 
In suspended growth processes, poor biomass retention has been encountered. Two improvements are currently investigated to improve the nitrogen removal of suspended growth processes in mainstream conditions. Besides bioaugmentation, biomass selection without hydrocyclones is being tested (Han et al. 2016b), as the shear force by the cyclone limits granule size. A screen was found to provide effective biomass selection and improve NOB suppression (Han et al. 2016b). Screens have in fact replaced hydrocyclones at the full-scale MD process at Strass WWTP in Austria (B. Wett 2017, personal communication, 8 March 2017). 
In attached growth processes, AMX retention is efficient but AOB activity acts as the bottleneck. Improved AOB activity has been observed in the IFAS configuration (Plaza et 
al. 2016), which has been adopted to most MBBR processes such as the ANITA™ Mox process by AnoxKaldnes (Veuillet et al. 2015). A further improvement to attached growth processes is the circulation of carriers between sidestream and mainstream deammonification processes (discussed in Chapter 5.1.3). A novel innovation is the application of thin biofilms in a two-stage MBBR systems, developed by AnoxKaldnes (Piculell et al. 2016b). In this technology, reject water is used to boost the partial nitritation process (discussed in Chapter 5.1.3). 
Two-stage deammonification systems have once again gained popularity, when mainstream deammonification technologies have been developed. Two-stage systems based on attached growth (Watson et al. 2016) and suspended growth (Isanta et al. 2015) have recently been selected over single-stage processes in new pilots, for improved process control. Moreover, two-stage processes combining SBR and MBBR technology were developed by Gao et al. (2014) and Regmi et al. (2016) with suspended growth for partial nitritation and attached growth for anammox (Gao et al. 2014, Regmi et al. 2016).  
5.1.2 Optimising biomass retention 
Achieving good biomass retention is a crucial requirement for mainstream deammonification, equally as important as effective NOB out-selection (Han et al. 2016b). By improving biomass retention, higher and more stable nitrogen removal rates can be 
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achieved. In full-scale SD processes, the biomass concentrations varied with the technology applied (Lackner et al. 2014). Systems with large granules such as the ANAMMOX® had the highest biomass concentrations at 25-35 g TSS/L, while attached growth processes had 15-20 g TSS/L. Suspended growth processes such as the DEMON® had the lowest biomass concentrations at 5 g TSS/L. (Lackner et al. 2014) Although biomass concentrations were the lowest with small AMX granules and flocculent AOB, the biomass specific nitrogen removal rates of these processes are higher than those of granular or attached growth processes, due to lower mass transfer resistance (Lackner et al. 2015). 
In suspended growth processes, the most efficient way to improve biomass retention is by increasing granule size (Sandino et al. 2016). High TS loads can still cause problems, as retaining active biomass has proved to be difficult even in a system with large granules (Geilvoet et al. 2015). It has been found that AOB activity is lower with increasing granule size, while AMX activity is higher with increasing granule size (Vlaeminck et al. 2010). The triggers for the formation of large granules are unclear, but shear forces and mixing as well as the DO level have impact; a high DO level (3.0 mg/L) promoted the formation of large granules, while a lower DO level (0.4 mg/L) caused the formation of flocculent biomass in the study by Morales et al. (2015b).  
The ease of AMX retention in attached growth processes (Gilbert et al. 2015) led one study to move from SBR to MBBR technology in studying MD, in order to mitigate serious washout of biomass at low temperatures (Laureni et al. 2015, 2016). Although AMX retention is efficient in MBBR processes, AOB retention can be inadequate and seems to require the IFAS configuration in mainstream conditions (Trojanowicz et al. 2016). Without IFAS, the mean cell residence time of flocculent AOB is equal to HRT (Malovanyy et al. 2015a), as shear forces on carrier material cause AOB to form small flocs (Veuillet et al. 2014). The IFAS configuration for attached growth processes has generally improved AOB activities, thus resulting in improved TN removal (Plaza et al. 2016, Lemaire et al. 2016, Laureni et al. 2017). 
5.1.3 Connecting mainstream and sidestream deammonification 
The implementation of mainstream deammonification could make separate reject water treatment unnecessary, as reject water combined with mainstream would slightly improve the process conditions of MD. It however seems more beneficial to have two separate deammonification processes for mainstream and sidestream, as this way at least one of the processes provides good biomass growth and activity (Wett et al. 2015, Lemaire et al. 2016). Having a separate SD process can function as a backup for biomass in the case of temporarily reduced MD process performance, or the two processes can be permanently connected to provide bioaugmentation of the slow-growing AOB and AMX to the MD process. Although SD conditions are mesophilic at temperatures >30 °C, the same AMX species have mostly been found in MD studies (Dosta et al. 2008, Hu et al. 2013, Persson et al. 2014). Therefore, the addition of AMX biomass from the SD process provides the MD process with the correct bacteria. 



 

50 
 

In suspended growth processes, bioaugmentation in practice is the extraction of sludge from the SD process and adding it to the MD process (Wett et al. 2015). In the DEMON® system, bioaugmentation from the hydrocyclone underflow of the SD process enriches AMX and AOB in the MD process, while also improving biomass settleability by selecting heavier granules (Sandino et al. 2016). This technology is marketed by the name EssDe® 
(“Energy self-sufficient by DEMON”). Inserting AOB from the sidestream process allows for keeping aerobic SRT short in the mainstream process and washing out both NOB and AOB (Constantine et al. 2016). Additionally, adding biomass from a SD process has been observed to help control NOB activity, if the seeding biomass contains only low amounts of NOB (Wett et al. 2015). Nevertheless, the bioaugmentation of AMX was found less effective than optimising AMX retention, indicating that MD performance can be more efficiently improved by preventing AMX washout (Han et al. 2016b). 
In attached growth processes, bioaugmentation of AMX can be achieved by continuously circulating carriers between SD and MD processes (Veuillet et al. 2015). Although this 
strategy is patented as the alternating media concept for ANITA™ Mox, it has not yet been tested in practice (Lemaire et al. 2016). AOB enrichment cannot be achieved by carrier circulation, as most AOB activity occurs in flocculent biomass (Malovanyy et al. 2015a), which is why AOB are mainly enriched by IFAS. A novel strategy to increase AOB biomass in an IFAS system is the addition of regular activated sludge, which was found effective in improving AOB activity and resulting in total N removal efficiency increasing from 25 % to 44 % in the MD pilot by Trojanowicz et al. (2016). 
A parallel strategy to connecting mainstream and sidestream treatments is the periodical feeding of reject water to the MD process. Named the alternating feed concept, the intermittent reject feed temporarily increases the temperature and the NH4+-N level of the MD process, thereby increasing AOB and AMX activities and growth rates (Veuillet et al. 2015). Furthermore, the high free ammonia (FA) levels in the reject feed help suppress NOB (Piculell et al. 2016b, 2016c). In an ANITA™ Mox process with alternating feed, enhanced nitrogen removal and NOB suppression during reject feed could be observed, as reported by Veuillet et al. (2015). In the two-stage MD process with thin biofilms developed by AnoxKaldnes, alternating feed to several nitritation reactors is a key process parameter, which was shown to produce high nitrite accumulation ratios (NAR) at 80-90 % (Piculell et al. 2016b). In this process, separate SD is not implemented, as reject water is fed to the nitritation reactors in succession (Piculell et al. 2016a). 
5.1.4 Combining anammox and denitrification 
Mainstream deammonification processes have been able to achieve high nitrogen removal rates at 0.6-0.8 kg N/m3/d at temperatures 12-15 °C (De Clippeleir et al. 2013, Gao et al. 2014), but have less often achieved sufficient effluent quality to comply with the general EU effluent limit of 10 mg N/L. Effluent quality from MD processes is reduced by NOB activity and by maintaining residual NH4+-N levels. In order to achieve the effluent standards in mainstream deammonification, denitrification may be needed to be coupled with anammox, which is common in natural environments (Rysgaard et al. 2004). Simultaneous deammonification and denitrification has been observed to occur in several 



 

51 
 

MD studies (Desloover et al. 2011, Lemaire et al. 2016, Gao et al. 2013). In these cases, AMX were found to be able to co-exist with denitrifiers, which resulted in higher removal rates for total nitrogen. 
There are two ways to combine mainstream deammonification and denitrification. Firstly, simultaneous deammonification and denitrification has been studied in the SNAD process (Chen et al. 2009, Kumar & Lin 2010, Du et al. 2015). SNAD comes from simultaneous partial nitrification, anammox and denitrification (Chen et al. 2009) and is mainly being developed in China (Ma et al. 2016). The main idea concept of the SNAD process is partial denitrification so that NO3−-N reduction is stopped at NO2−-N, which is supplied to the anammox pathway (Chen et al. 2009). If this can be achieved, denitrifier competition for NO2− against anammox bacteria can be avoided (Kumar & Lin 2010). The strategies for achieving partial denitrification are controlling aeration based on pH and controlling the availability of COD (Du et al. 2015). It is however quite complicated to prevent NO2− reduction by HB, when simultaneously NO2− oxidation by NOB needs to be prevented. It was however discovered that AvN™ control (see Chapter 4.3.4) could maintain partial denitrification, when the effluent NOx-N/NH4+-N ratio was kept above 3-4 (Le et al. 2016). 
The other way of combining deammonification and denitrification in the mainstream is having the two processes separately in two reactors (Ødegaard 2016). In these types of configurations, the objective has been either polishing deammonification effluent with denitrification (Sandino et al. 2016), or polishing nitritation-denitritation effluent with pure anammox (Regmi et al. 2016). The use of denitrification for polishing mainstream deammonification effluent can be a convenient way of improving total nitrogen removal efficiency of mainstream deammonification, if the set-up for post-denitrification already exists. A drawback to this arrangement is the need for supplemental organic carbon, as the deammonification effluent contains little COD. 
The other configuration used for combining denitrification and deammonification is using a pure anammox system to treat the effluent of a nitritation-denitritation process (Godwin et al. 2015, Regmi et al. 2016). The effluent from the nitritation-denitritation process contains residual NH4+ and NO2−, which can be removed with a pure anammox reactor (Regmi et al. 2016). Additionally, Du et al. (2015) implemented the SNAD process in two separate reactors with a pure anammox system and a partial denitrification system. The NO3− rich effluent from the anammox reactor was fed to the partial denitrification reactor, achieving >90 % total nitrogen removal (Du et al. 2015). 

5.2 Carbon removal stage 
5.2.1 Objectives of carbon removal 
Having two separate processes for carbon and nitrogen removal is often referred to as the A/B process (Fernández et al. 2016, Ødegaard et al. 2016). The A stage is the carbon removal stage, which serves two purposes. First, the COD/N ratio is reduced to better suit deammonification (the B stage), and second, the COD is captured for use in energy 
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production. The A/B process is usually preceded by pre-treatment (e.g. screening and grit removal), and tertiary treatment may be needed to meet effluent requirements. Designing the carbon removal stage therefore requires looking at the whole wastewater treatment process. Phosphorus removal should also be considered in designing the A/B process. Phosphorus can be removed either in the carbon removal stage or in the mainstream deammonification process. 
Several technologies can be used in the carbon removal stage. A key consideration is energy-neutrality, meaning that the process should have minimal aeration demand. Overall, the resource use should be low to keep the expenses down, and also to minimise the environmental effects of the process. Ideally, the carbon removal stage would remove all COD, but not reduce the NH4+ concentration (Xu et al. 2015). It is however difficult to remove all COD. Chemical treatment methods are efficient in removal particulate COD, and struggle to remove soluble COD. For biological treatment methods, the opposite applies. The options for chemical and biological treatment methods will next be discussed. 
5.2.2 Chemical treatment methods 
Chemical treatment methods for the carbon removal stage are classic coagulation based methods. Coagulants that are most often used are iron or aluminium salts, which are also effective in precipitating phosphorus. A commonly suggested method for the carbon removal stage is the chemically enhanced primary treatment (CEPT) (Lemaire et al. 2016). CEPT can conveniently be implemented in the existing primary treatment basins by adding coagulation chemicals. Floc separation can be executed by sedimentation, flotation or filtration. CEPT can typically remove up to 70 % of suspended solids, but only 30-40 % of total COD, reaching COD/N ratios of 3-6 (Xu et al. 2016). COD removal can however be enhanced by optimising coagulant dosing and mixing. According to Ødegaard (2016), CEPT optimisation could increase the COD reduction up to 70 %. 
Other chemical treatment methods that can be used for carbon removal include micro-screens and disc filters (Piculell et al. 2016b). With disc filters, 80-85 % total COD reduction was achieved when a coagulant and a cationic polymer were used (Väänänen 2017). Common to all chemical treatment methods, the use of a coagulant increases the inorganic portion of the sludge, which reduces the biogas potential (Ødegaard 2016). Minimising the chemical consumption is therefore profitable both for maximal biogas production, and for lower operational costs. 
5.2.3 Biological treatment methods 
Biological treatment methods for the carbon removal stage can be based on COD concentration and capture, or on the direct application of anaerobic digestion. Digesting the influent wastewater simplifies the overall treatment process, because carbon capture and utilisation are conducted simultaneously. This may not however be feasible at old WWTPs, where open basins exist for primary treatment, and separate digesters have been built. Technologies for the direct digestion of wastewater are the up-flow anaerobic sludge blanket (UASB) or the up-flow anaerobic sludge fixed-bed (UAFB), which were both used 
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in mainstream deammonification pilots (Plaza et al. 2016, Gao et al. 2014). Poor COD reduction at 40 % was reported in the UAFB pilot by Gao et al. (2014). Furthermore, low temperature is an issue for digester performance, which is why direct digestion is suggested mainly to be applied in hot climates (Fernández et al. 2016). 
Biological treatment methods most often applied in the carbon removal stage are high loaded aerobic processes with short retention times (HRT, SRT). The aim of high loaded processes is to concentrate influent COD, while avoiding nitrification. Most commonly, the high-rate activated sludge (HRAS) process is applied for carbon removal in mainstream deammonification. The HRAS process is usually applied with 0.5 h HRT and 0.5 d SRT (Jimenez et al. 2015). The short HRT makes for small space requirements, but can also result in poor sludge settling properties (Xu et al. 2015). Generally, such short retention times mean that soluble COD is degraded, but particulate COD is poorly removed. Solids removal can be enhanced by adding flocculation chemicals. Coagulants can also be used to incorporate chemical phosphorus removal into HRAS. 
COD reduction by HRAS can be up to 50-60 % (Regmi et al. 2015), while sCOD reduction can be as high as 80 % (Jimenez et al. 2015). DO levels <1 mg/L can be applied in HRAS (Jimenez et al. 2015). HRAS can thus be a resource efficient carbon removal method. It can however be challenging to attempt stable COD removal by HRAS with variable inflow quality (Xu et al. 2015). Compared to CEPT, HRAS is a much more complex biological system, and more research is needed to improve the operation and performance of HRAS (Jimenez et al. 2015). Alternatives to HRAS are other high loaded processes, such the   high-rate contact stabilisation process, with which 55 % COD reduction has been achieved (Meerburg et al. 2016, Rahman et al. 2016). High loaded biological processes can also be implemented with MBBR technology. In the MD pilot by Lemaire et al. (2016), a high-rate MBBR could remove 50-70 % of sCOD. 

5.3 Full-scale and piloting experience with mainstream deammonification 
Four facilities have been reported to currently apply full-scale mainstream deammonification, all of which using suspended growth SBR technology (Sandino et al. 2016). The Strass WWTP in Austria is the plant with the most long-standing mainstream deammonification process (Wett et al. 2015). A similar process has been implemented at Glarnerland WWTP in Switzerland. The other two full-scale MD processes are based on the EssDe® technology (see Chapter 5.1.3) and are situated in Odense, Denmark and in Alexandria, Virginia, the United States (Sandino et al. 2016, Constantine et al. 2016). The EssDe® based processes rely on methanol addition for total nitrogen removal (Sandino et al. 2016), meaning that denitrification is combined with deammonification. A large-scale demonstration plant by AnoxKaldnes in Malmö, Sweden is currently testing the two-stage process with thin biofilms (Piculell et al. 2016b). 
An accidental full-scale deammonification process was obtained at the Changi Water Reclamation Plant in Singapore (Cao et al. 2016). At this plant, the temperature of 
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wastewater is high (28-32 °C) and a short SRT (2.5 d) is applied. It was found that 38 % of total nitrogen was removed by anammox, while 50 % was removed by denitrification, which resulted in 10-30 % savings in aeration compared to other plants in Singapore (Cao et al. 2016). 
Several larger scale pilots are currently ongoing around Europe and the US. The published results of the full-scale and pilot-scale MD processes are listed in Table 6 below. 
Table 6. Results from full-scale and piloting experience with mainstream deammonification. 
Config-uration Process type NH4+ conc. (mg NH4+-N/L) 

COD/N ratio T (°C) Total N removal rate (kg N/m3/d) 
TN rem. eff. (%) Reference 

Single-stage suspend-ed growth 

Full-scale SBR (DEMON®) 10-40 NR 10-14 NR 70-90 % Wett et al. (2015) 
0.2 m3 plug-flow reactor with clarifier 

32-38 1.4 / 7.4 19-31 0.112 / 0.078 70 % / 64 % Han et al. (2016b) 
4 m3 granular up-flow reactor (ANAMMOX®) 

30-40 2 17-23 0.050-0.100 50-60 % Geilvoet et al. (2015) 
7 m3 up-flow granular SBR 11-34 3 15-25 0.050 50-60 % Seuntjens et al. (2016) 
Full-scale AS process 30-36 11 28-32 NR 89 % Cao et al. (2015) 

Single-stage attached growth 

2 m3 MBBR with clarifier 40-60 *1.5-2 15-23 0.167-0.400 70-85 % Lemaire et al. (2016) 
0.2 m3 MBBR with clarifier 35-45 *2.0 15-25 0.046-0.055 55-75 % Plaza et al. (2016) 
50 m3 MBBR with clarifier (intermit. reject feeding) 

40-60 / 700-1000 max. 1 12-18 / 20-28 0.077-0.178 40-50 % Veuillet et al. (2015) 
Two-stage process 

0.12 m3 PN-MBBR, 0.25 m3 anammox-MBBR (intermit. reject feeding) 

15-40 / 1000-1500 1.6-4.3 20 / 30 max. 0.200 NR Piculell et al. (2016b) 

0.34 m3 nitritation-denitritation-CSTR, 0.45 m3 anammox-MBBR 

26 (with 8 mg NO2−-N/L) 
NR 25 0.060 NR Regmi et al. (2016) 

*COD/N ratio given as sCOD/NH4+-N ratio. 
Attached growth systems are piloted in Stockholm, Sweden (Plaza et al. 2016) and Paris, France (Lemaire et al. 2016), while a discontinued pilot tested IFAS MBBR technology with alternating feed supply in Malmö, Sweden (Veuillet et al. 2015). A granular sludge system is piloted in Rotterdam, the Netherlands (Geilvoet et al. 2015), and suspended 
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sludge systems are piloted in Breda, the Netherlands (Seuntjens et al. 2016), Virginia, US (Wett et al. 2013) and Washington D.C., US (Al-Omari et al. 2016). Although most of these pilots are applied as single-stage processes, there are also two-stage MD processes being piloted in Virginia, US (Regmi et al. 2016), and in the Malmö demonstration plant. 
Considering that the NRR expected with conventional nitrogen removal is 0.05 kg N/m3/d at 20-30 °C and 0.03 kg N/m3/d at 15 °C (Laureni et al. 2016), the volumetric N removal rates obtained in MD processes exceed the removal rates of conventional nitrogen removal, even at 12-15 °C. Although total N removal efficiencies reached the EU limit of 70 % only in some cases, the high removal rates show the potential of mainstream deammonification. The next challenge is reducing the effluent total N concentrations by process optimisation. In the Paris pilot by Veolia, the IFAS MBBR process was already able to achieve effluent TN concentrations <10-15 mg/L (Lemaire et al. 2016).  
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6 VIIKINMÄKI WASTEWATER TREATMENT PLANT 
6.1 Plant introduction 
6.1.1 General information 
Viikinmäki wastewater treatment plant is located on the coast of Finland in Helsinki. Operated by Helsinki Region Environmental Services Authority (HSY), the plant treats the wastewaters of 800 000 people in Helsinki, Sipoo, Kerava, Tuusula, Järvenpää, Pornainen, and parts of Vantaa and Mäntsälä. The average inflow rate to Viikinmäki WWTP is 280 000 m3/d, industrial wastewaters accounting for approximately 7 % of the total inflow. The population equivalent of the plant is 1 140 000 p.e., making it the largest WWTP in the Nordic countries. The plant is built underground into bedrock, and has been in operation since 1994. 
The treatment process is an activated sludge process with total nitrogen removal by denitrification-nitrification (Figure 18). Wastewater is pre-treated by screening and grit removal. Pre-aeration and primary sedimentation precede the biological treatment. Ferrous sulphate is used for precipitating phosphorus, and lime is added for controlling alkalinity. Biological post-denitrification filtration with methanol addition is used as tertiary treatment, in order to fulfil total nitrogen removal requirements. Sludge is treated with anaerobic digestion, producing biogas that is used for generating heat and electricity at the plant. Digestate is processed by composting in Sipoo, and utilised as garden soil products and as fertiliser in agriculture. Treated wastewater is led through a 16-km long discharge tunnel to the Baltic Sea, approximately 8 km away from Helsinki coastline. 

 
Figure 18. Schematic representation of the wastewater treatment process at Viikinmäki WWTP (c/o HSY). 
Viikinmäki WWTP increased treatment capacity by 12 % in 2014, when a ninth biological treatment line was added. In the future, existing space and facilities must be used to accommodate for increasing flow rates and loading to the plant. Peak flow rates can lead 
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to by-passing the biological treatment process, which can be executed after primary treatment. In by-pass situations, primary sedimentation is chemically enhanced by adding polyaluminium chloride (PAC) and cationic polymer, to reduce the COD and phosphorus loading to the Baltic Sea. 
Operational requirements are set for Viikinmäki WWTP by environmental authorities in order to protect the Baltic Sea. These requirements (presented in Table 7) are set in the environmental permit for the plant. In the beginning of 2016, the requirement for total nitrogen was increased to 80 % (previously 70 %). Although the operational requirements are strict, they have been consistently met with excellent treatment results, as shown in Table 7. 
Table 7. Operational requirements for effluent quality for Viikinmäki WWTP and treatment results of 2015 and 2016. 

 Environmental permit Treatment results 2016 Treatment results 2015 
BOD7(ATU) mg/L <10 4.9 5.2 

red. % >95 98 98 
Total P mg/L <0.3 0.21 0.23 

red. % >95 97 96 
Total N mg/L - 4.1 4.0 

red. % >80* 92 91 
CODCr mg/L <75 41.1 40.9 

red. % >85 93 92 
* >80 % reduction required in 2016, >70 % required in 2015. 
6.1.2 Influent characteristics 
The influent characteristics from 2016 are presented in Table 8. The characteristics show that the alkalinity of the influent is very low. The COD/N ratio of the influent is approximately 11. 
Table 8. The properties of influent wastewater to Viikinmäki WWTP in 2016. 
 Inflow (m3/d) COD (mg/L) SS (mg/L) Total N (mg N/L) NH4+-N (mg N/L) Total P (mg P/L) Alkalinity (mmol/L) 
2016 average 270 000 578 306 52 36 6.6 4.4 
2016 range 170 000- 660 000 204-1 030 120-580 20-75 13-49 2.2-9.6 2.2-5.6 

Influent wastewater to Viikinmäki WWTP consists of approximately 93 % domestic wastewater and 7 % industrial wastewater. The average temperature of wastewater was 10-18 °C in 2016. Figure 19 shows the variation in inflow rates and the temperature of wastewater in 2016. Peak flows of up to 660 000 m3/d were experienced in 2016. Combined sewers form 7 % of the sewer system, causing high inflow rates to the plant when heavy 
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rain or snow melt occurs. Snow melt can also cause wastewater temperature to drop to <10 °C, as can be seen for February 2016 in Figure 19. Snowmelt resulted in the lowest temperature in 2016, which was 8.1 °C.  

 
Figure 19. Flow rate and temperature of incoming wastewater at Viikinmäki WWTP in 2016. 
In addition to the seasonal flow variation shown in Figure 19, there is also diurnal flow variation in the inflow. Figure 20 shows the variation in inflow rate during one week in November 2016. High variation in inflow is disadvantageous for the biological treatment process, because it results in high variation in substrate availability for the biomass. There can also be variation in the influent composition, as high inflow rates dilute the wastewater. 

 
Figure 20. Diurnal flow rate variation of influent wastewater to Viikinmäki WWTP during one week in November 2016. 
6.1.3 Treatment process 
The treatment process of Viikinmäki WWTP is a conventional activated sludge process with post-denitrification. The plant removes total nitrogen, first in the activated sludge process by denitrification-nitrification, and then in the tertiary treatment process, which is a post-DN process. Co-precipitation of phosphorus is integrated to the activated sludge process by adding ferrous sulphate as coagulant. Ferrous sulphate is added in grit removal. Lime is used to alleviate the alkalinity loss in the biological process. Lime prevents pH from dropping in nitrification, and it is added in pre-aeration. 
The biological process is a single-sludge plug-flow process with nine treatment lines. The aeration basins are 12 m deep and have 103 500 m3 total tank volume. The average HRT is 8 h. The U-shaped aeration basins have six zones. First, effluent from primary 
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sedimentation is mixed with return sludge in a mixing zone. Zone 1 is an anoxic pre-denitrification zone, while zones 2 and 3 are anoxic switch zones that can be aerated if the NH4+-N level rises. Zones 4-6 are always aerated for nitrification. Nitrified effluent is recycled to the anoxic zones for denitrification. Secondary sedimentation is also in nine lines, with 18 450 m2 total surface area and 9 h HRT. 
The post-denitrification process is a Biostyr™ filtration system with 10 filter units, comprising 4 320 m3 total filtration volume. In the process, effluent from secondary sedimentation is led upwards through submerged filtrating media with denitrifying bacteria on the surface. The HRT is 25 minutes. Methanol needs to be added to the process to enable denitrification, because most of the COD in wastewater is consumed in the DN-N process. At Viikinmäki WWTP, methanol is only added to the post-DN filters, and not the DN-N process. Methanol is still consumed in great quantities. In 2016, the daily consumption of methanol was approximately 7.8 tonnes, amounting to the annual consumption of 2 860 tonnes. The cost of methanol was 658 000 € in 2016. 
6.1.4 Sludge treatment and biogas production 
Raw sludge from primary sedimentation and excess sludge from the activated sludge process are both removed from the gravitational thickeners in primary sedimentation. This mixed sludge, as well as liquid wastes accepted from outside (e.g. septic tank sludge), is digested in four digestion chambers, each with 10 000 m3 volume and 14-20 d retention. Approximately 50 % of organic matter is degraded in digestion, releasing biogas. Digestate is led to intermediate storage, after which it is dewatered with four centrifuges. Cationic polyacrylamide is added as conditioning agent to improve dewatering. The resulting TS-% of digestate is 30 %. For the reject water produced in digestion, only sedimentation is currently used as treatment, and after sedimentation the reject water is led to the beginning of the water process (to pre-aeration). 
Digestion produced 14 million m3 of biogas in 2016. The methane content of the biogas is 63 %. All of the biogas is utilised locally at Viikinmäki WWTP. Preferentially, electricity and heat are produced using five gas engines. Both electricity and heat are used for own use at the plant. Biogas can also be burned using three boilers, if more heat is required (during winter). Excess gas is burned at flares. In 2016, nearly 80 % of biogas was used at the gas engines, while 10 % of biogas was used at the boilers. 12 % was burned as excess at the flares. The heat self-sufficiency is 100 %, and the self-sufficiency in electricity was 70 % in 2016. Energy self-sufficiency in currently increasing, and >80 % self-sufficiency is expected for the year 2017. 

6.2 Previous projects with shortcut nitrogen removal 
6.2.1 Motivation 
Currently, reject water is led to the beginning of the biological treatment process at Viikinmäki WWTP. Reject water causes significant internal nitrogen loading to the DN-N 
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process, accounting for 15 % of the nitrogen loading to the process. Because reject water has a low COD/N ratio, external carbon is required to achieve the >80 % total nitrogen removal required. Sidestream deammonification would remove a significant portion of this internal load, and thus result in savings in methanol consumption. As Viikinmäki WWTP is actively looking for new ways for improving resource efficiency and effluent quality, shortcut nitrogen removal has been studied at the plant since 2009. 
First, shortcut nitrogen removal was piloted with only partial nitritation, using the SHARON process. Preference for a single-stage deammonification process led to opting instead for the DEMON® process, which was piloted since 2012. Due to unexpected hardships with this pilot, a third process was chosen for piloting. The pilot with ANITA™ Mox technology has been operational since 2016 with promising results. 
Besides biological treatment involving shortcut nitrogen removal, another option that has been considered for reject water treatment is stripping. This option would allow for nitrogen harvesting as ammonium sulphate. Stripping requires high temperatures and high pH, which is why it is less cost-efficient than biological treatment. Currently there are no pilots planned to explore this option. 
6.2.2 SHARON process 
SHARON was an early technology for partial nitritation, which could be implemented in conjunction with separate denitritation or anammox reactors (van Dongen et al. 2001). NOB suppression was based on operation at high temperatures with no sludge retention, resulting in a low SRT (van Hulle et al. 2010). The SHARON process was piloted at Viikinmäki in 2009. Piloting results are reported in the master’s thesis by Hienonen (2009). Initially, there were plans to later expand the pilot to a two-stage deammonification process. The SHARON process however proved to be unstable. The pilot was started several times, but could only be maintained for some months before collapsing. Loss of alkalinity caused by nitrification was considered the main reason for the instability of the process. 
The SHARON pilot was conducted in a 3.0 m3 CSTR reactor, operated in batch mode. Clarified reject water from digestion was fed to the pilot at 2.1-3.7 m3/d. The temperature of the reject was reduced to 27 °C in piping, and had to be heated to 29-32 °C. Nitrite accumulation of 50 % of the NH4+ load was attained, with NO3− production at 5-15 %. The effluent from the pilot would have therefore been suitable for an anammox reactor. In order to reduce alkalinity consumption in the process, the pilot was modified to nitritation-denitritation by applying intermittent aeration. Without an external carbon source, only 10-15 % TN reduction could be accomplished. Addition of propylene glycol as carbon source did not result in higher TN reduction, as serious inhibition caused by the glycol product caused halting of all biological activity, and the process had to be restarted with new seeding biomass. 
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6.2.3 DEMON® process 
The DEMON® process is a commonly applied SBR process, in which hydrocyclones are used for the selective retention of anammox bacteria (see Chapter 3.3.5). The DEMON® process was piloted at Viikinmäki from March 2012 to June 2014. The first start-up of the 
process is described in the master’s thesis by Lindell (2012). The scale of the pilot was much larger than in the SHARON pilot, with the reactor size of 508 m3. The reason for the larger scale was the aim to obtain piloting results that could have been used in designing a full-scale process for the separate treatment of reject water. The dimensioned flow rate was 285-450 m3/d. The dimensioned nitrogen loading rate was 285-400 kg N/d, but the highest nitrogen loading rate that could be applied was 120 kg N/d. Stable nitrogen removal was not achieved during the course of piloting. 
One main contributor to the problems of the pilot was poor quality of reject water during piloting. Problems in sludge dewatering caused high TSS loading to the pilot, with TSS concentrations up to 4 200 mg/L in the pilot influent. The COD/N ratio in the influent rose occasionally up to 7. High TSS loading resulted in solids accumulation in the reactor up to 9 g/L, which deteriorated the settleability of sludge, which might have caused biomass washing out through the decanter. Moreover, high NOB activities were detected. In addition, coarse materials in reject water caused constant clogging of the cyclone. Clogging caused washout of both cyclone overflow and underflow, resulting in loss of AMX biomass. A filter was installed before the cyclone to better cope with coarse solids, and a second more robust cyclone was installed to improve biomass retention. Regardless of these measures, process performance fluctuated, until piloting was ended in 2014. 
6.2.4 ANITA™ Mox process 
ANITA™ Mox is an attached growth process based on simple MBBR technology (see Chapter 3.3.5). Piloting with ANITA™ Mox was started in April 2016 and is still ongoing. The first seven months of piloting are described in the report by HSY (2016). The pilot is set in the same basin where piloting with DEMON® took place, with reactor volume 487 m3. AnoxKaldnes K5 carriers are used with 38 % fill, producing 148 000 m2 of protected surface. 20 m3 of seeding carriers from an ANITA™ Mox biofarm were used in pilot start-up. The flow rate is dimensioned at 300-400 m3/d (15 % of reject flow), and the dimensioned nitrogen loading rate is 300 kg NH4+-N/d. Figure 21 shows the performance of the pilot during the first year of operation. The dimensioned NLR was achieved in September 2016 after five months of piloting. 
Figure 21 shows that the process crashed in January 2017. NOB breakout caused the process to become unstable, when too high loading rates were tested. Nevertheless, the process was able to recover rapidly after the incident. No seeding biomass was needed, which shows that the process is robust. Overall, the MBBR process has proved to be significantly more robust in Viikinmäki WWTP conditions than the previous suspended growth pilots. The most likely explanation for this is that attached growth processes have better biomass retention, and consequently have higher AMX concentrations in general. The MBBR pilot has shown that sidestream deammonification is suitable for Viikinmäki 
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WWTP. Hence, a full-scale MBBR process for sidestream deammonification is currently being planned to be implemented at Viikinmäki WWTP. 

 
Figure 21. Nitrogen removal performance of the ANITA™ Mox pilot during the first year of operation. 
Piloting has proved to be useful for designing the full-scale SD process. The importance of online monitoring has been highlighted in process control. The controlling parameters used in the pilot are pH and DO. pH monitoring has been shown to be highly suitable for process control, and will also be applied in the full-scale process. Piloting has also pointed out various practicalities (e.g. foam control, shear stress on sensors) that need to be considered in designing the full-scale process. 
During piloting, the bacterial community structure in the biomass has been analysed by 16S rRNA gene-targeted amplicon sequencing. Although one dominant AMX genus was detected, it could not be found in the sequence database. Also, the AOB and NOB in the pilot could not be identified. This is consistent with the intriguing results by Kesulahti (2017), which showed that the AOB in the Viikinmäki DN-N process do not belong to any known genus. 
6.2.5 Effect of piloting on receiving treatment line 
The effluent from the DEMON® and ANITA™ Mox pilots has been led to the start of activated sludge line 1. During both of these pilots, nitrification in the receiving line has been observed to be affected. NOB suppression in the DN-N process has been suspected during both pilots. In August 2016, nitrification plunged at line 1. NH4+-N levels rose temporarily to over 12 mg N/L, while the nitrite accumulation ratio (NAR) rose to over 75 %. Simultaneously, the pH level dropped to <6, caused by an experimental error in the 
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dosage of lime. The low pH may have caused inhibition to both AOB and NOB by increased levels of free nitrous acid (HNO2). 
Main factors believed to be the cause of the problems on the receiving treatment line are increased nitrogen loading to the DN-N process and bioaugmentation of AOB from the SD pilots. In the ANITA™ Mox pilot, flocculent AOB escapes in the effluent, which could cause imbalance of nitrifiers in the DN-N process. AOB bioaugmentation could result in accidental partial nitrification. Partial nitrification is not however desirable in conventional nitrogen removal, mainly because it can be unreliable and result in high effluent NH4+-N levels. However, if partial nitrification could be efficiently controlled, it would result in savings in methanol consumption. Shortcut nitrogen removal as denitritation-nitritation (i.e. nitrite shunt) would then be applied. 
Currently, however, NO2− accumulation is not desirable in the conventional nitrogen removal process, as it increases the risk of instability and may reduce effluent quality. If full-scale SD is implemented, the distribution of SD effluent to a higher number of treatment lines should be considered, to prevent NOB suppression in the DN-N process. 

6.3 Selection of mainstream deammonification process 
6.3.1 Background 
This thesis is a preliminary feasibility study of mainstream deammonification at Viikinmäki WWTP. The MD process is being theoretically considered to be implemented in the future, based on the popularity and high expectations of mainstream deammonification in the research community. Additionally, the plans to implement full-scale sidestream deammonification at the plant have resulted in interest towards mainstream deammonification. The aim of Viikinmäki WWTP is to be energy self-sufficient or even energy producing, and thus the prospect of higher biogas production with MD is appealing. 
The main motivation for looking into MD is that less carbon would be consumed in nitrogen removal. The COD/N ratio of influent wastewater is quite low at Viikinmäki WWTP. High methanol consumption is therefore needed for total nitrogen removal. Even higher methanol requirement can be expected in the future, because nitrogen loads will increase in the future. Furthermore, the nitrogen loading to the plant is predicted to increase faster than the carbon loading (discussed in Chapter 7.2.2). Full-scale SD will improve the COD/N ratio in the DN-N process, but methanol consumption can still be expected to increase in the future with the increasing loads. Mainstream deammonification is hypothesised to decrease methanol consumption at the plant, and overall result in lower operational expenses. 
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6.3.2 Boundary conditions 
The options for implementing mainstream deammonification at Viikinmäki WWTP are limited by several boundary conditions. First, the plant is built underground into bedrock, and no new space can be excavated. Space is therefore limited, and existing basins must be used. Second, the temperature of wastewater is low compared to the temperature optimum of deammonification (mesophilic >20 °C). The average temperature range at the plant is 10-18 °C. Minimum temperatures have been around 8 °C since 2010, generally occurring in January and February. Another boundary condition is that the MD process needs to endure high variation in substrate availability, due to the diurnal variation in inflow rate (see Figure 20). No equalisation of inflow is feasible at Viikinmäki WWTP. 
Selection of MD process centres on selecting the biomass type. Generally, either suspended or attached growth biomass can be selected, or a hybrid biomass consisting of both attached and suspended growth. Since attached growth has been selected for the full-scale SD process at Viikinmäki WWTP, the compatibility of SD and MD should be ensured by selecting attached growth also for the MD process. In this way, bioaugmentation can be implemented from the SD process, to improve MD process performance. Therefore, another boundary condition for MD is attached growth biomass. 
6.3.3 Process selection 
With attached growth biomass as a boundary condition, two options exist for the MD process: simple MBBR or IFAS MBBR with sludge recirculation. Although MBBR has been found promising in the ANITA™ Mox pilot, sludge recirculation in the IFAS configuration seems to greatly improve nitrogen removal efficiency. Three larger pilots in Paris (Lemaire et al. 2016), Stockholm (Plaza et al. 2016) and Malmö (Veuillet et al. 2015) have demonstrated the superiority of IFAS MBBR over simple MBBR in mainstream conditions. Therefore, IFAS MBBR technology is chosen as the most suitable MD technology for Viikinmäki WWTP. The three IFAS MBBR pilots will be used as references for estimating the effects of MD at Viikinmäki. Based on the Malmö pilot, the alternating feed concept with reject water feeding (without separate SD treatment) will also be considered. 
For an IFAS MBBR system, some key boundary conditions exist. A key factor is that sufficient aeration is needed for mixing purposes to keep carrier material suspended and mixed. Another important factor is that carrier material cannot easily be removed from the aeration basin. Regular maintenance is needed for the existing fine-bubble bottom-mounted disc diffusers. These diffusers would have to be switched to low-maintenance aerator systems such as coarse-bubble diffusers with the IFAS MBBR. Here, coarse-bubble diffusers will be presumed in calculating the aeration demand of the MD process. The bubble size >10 mm is presumed (bubble size is 1-3 mm for fine bubble aeration), although there is a great range of coarse-bubble diffuser types available, with varying bubble sizes and oxygen transfer efficiency. Other requirements for the IFAS MBBR include a sieve, which is needed to prevent carrier material from escaping the reactor, and a clarifier with sufficient solids separation capacity to keep MLSS in the process. 



 

65 
 

Since mainstream deammonification needs to be preceded by effective COD removal, a carbon removal stage also needs to be considered. The two tasks of the carbon removal stage are to prevent high concentrations of COD from entering the IFAS MBBR, and to concentrate carbon for biogas production. Various technologies can be applied in the carbon removal stage, but Viikinmäki WWTP already has experience in chemically enhanced primary treatment (CEPT). In by-pass situations, aluminium chloride and polymer are fed to the primary sedimentation basins, providing efficient and reliable TS and phosphorus removal (Valtari 2006). Only CEPT will be considered for the effects of MD at Viikinmäki WWTP, because this technology is well-known and ready at the plant. 
The process selected for exploring mainstream deammonification at Viikinmäki is illustrated in Figure 22. Full-scale SD is presumed for all reject water produced in sludge treatment (except for the alternating feed scenario). The changes would include chemical feeding to primary treatment, and adding carrier material to the plug-flow type aeration basins. The possibility of implementing biological carbon removal in the pre-aeration basin will be briefly discussed in Chapter 8.3. Tertiary treatment by post-denitrification filtration would be kept in use, because the operational requirement for total nitrogen removal is >80 %. This requirement is not currently met in the DN-N process, and it is highly unlikely that >80 % TN removal could be achieved in the MD process, especially during winter. Post-DN filtration is therefore required, which means that methanol consumption would not be avoided, even when applying mainstream deammonification. 

 
Figure 22. Flow diagram for the process selection for mainstream deammonification at Viikinmäki WWTP. Solid lines represent water flows, dashed lines sludge flows. 
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7 METHODOLOGY 
7.1 Scenarios considered 
To estimate the effects of mainstream deammonification at Viikinmäki WWTP, four scenarios were formulated to compare the current process configuration to the selected MD process (Figure 22 in the previous chapter). The scenarios that were considered are shown in Figure 23. Scenario 0 represents the reference point, to which three MD options for arranging MD are compared. Scenario 0 is the current process configuration with conventional nitrogen removal (DN-N), here accompanied with full-scale sidestream deammonification (SD MBBR). The other scenarios represent implementing MD to all treatment lines, or only to some, with and without SD. 

 
Figure 23. Visual representation of the scenarios applied to examine the effects of mainstream deammonification at Viikinmäki WWTP. 
Scenario 1 examines the maximum benefit of MD at Viikinmäki WWTP. Scenario 1 represents the plant-wide implementation of CEPT and IFAS MBBR. Scenario 1 also involves separate SD treatment to reject water. Scenarios 2 and 3 investigate the prospect of implementing MD only to a part of the WWTP. Compared to plant-wide implementation of MD in Scenario 1, it is more realistic to presume that only one or two treatment lines would first be transformed to MD, because the risk of unstable nitrogen removal is high in this novel technology. For calculations, two treatment lines were considered with CEPT and IFAS MBBR, while the other seven treatment lines were considered unchanged with DN-N. 
The difference between Scenarios 2 and 3 is that separate reject water treatment is not included in Scenario 2. Instead, this scenario involves intermittent reject water feeding to the MD process (alternating feed concept), as carried out in the IFAS MBBR pilot in Malmö. According to Veuillet et al. (2015), reject water feeding spiked the activities of AMX and AOB, however it also resulted in poor effluent quality. This option is considered for MD at Viikinmäki WWTP, although it is limited by reject water availability, and 
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therefore reject water could not be used to spike all nine treatment lines. As for Scenario 3, sidestream deammonification is included. Scenario 3 can be thought to represent a more cautious take on Scenario 1. 
The effects of mainstream deammonification were analysed by comparing the four scenarios described. Due to the theoretical nature of this analysis, the scenarios were set in the year 2030, because earlier application of full-scale MD is unlikely. Predicted influent characteristics for 2030 (see Chapter 7.2.2), together with plant monitoring data from 2016, were used in calculating the nitrogen balance for each of the four scenarios. Literature study results were utilised in estimating the nitrogen removal efficiency of MD. With the nitrogen balance, the methanol consumption at post-DN filtration could be estimated. Solids balances were calculated only for Scenarios 0 and 1, so that the maximum increase in biogas production could be estimated. Additionally, the aeration demand and chemical consumption in Scenarios 0 and 1 were estimated. Based on these estimations, the operational expenses of the Scenario 1 could be compared to Scenario 0, in order to determine the feasibility of Scenario 1. 

7.2 Process data 
7.2.1 Plant monitoring data 
Monitoring data from 2016 on Viikinmäki WWTP was used as material in the study. The main sources of information were laboratory results and online monitoring data. Laboratory results are used for the official surveillance of the plant, partly also for process control. Samples are drawn approximately twice a week from various parts of the process, and analysed in an external laboratory using standard methods. Online data is collected extensively at Viikinmäki, used both for monitoring and process control. Samples are automatically collected and analysed, and the online data is recorded to Valmet DNA, which is the process control system used at the plant.  
The laboratory results used in calculations consisted mainly of the nitrogen, suspended solids and BOD concentrations in different parts of the treatment process. The average concentrations of total nitrogen, NH4+-N and NOx-N were used to calculate the nitrogen reductions in the current process configuration. The NH4+-N/TN and NOx-N/TN ratios in different parts of the process were calculated, and utilised in the nitrogen balance for Scenario 0. For the solids balance, the average concentrations of SS, TS, MLSS and BOD were used. For biogas production, the average VS/TS ratios of raw sludge and WAS were used. 
Online data was mainly used for estimating the aeration demand of Scenario 0. The average airflow rates to the DN-N process and the energy consumption of the compressors were used. Other plant data was also used, namely records of biogas production and the consumption of methanol, ferrous sulphate and lime in 2016. The average prices of these chemicals in 2016 were also used in calculating the operational expenses of the scenarios. Additionally, the energy production from biogas in 2016 was utilised in the calculations.  
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7.2.2 Projected influent characteristics for 2030 
In 2016, predictions were made at Viikinmäki WWTP to determine future loading rates until 2030. These predictions were based on past trends in loading rate change, as well as projected population increase in Viikinmäki WWTP area. Both nitrogen and BOD loading to the plant grew by 17 % from 2005 to 2015. The influent flow rate grew by 12 % during this period. Continuous growth in the influent flow rate is expected, based on the 15 % growth in Helsinki Metropolitan area population projected from 2016 to 2030 (Vuori & Laakso 2016). 
Table 9 lists the influent characteristics predicted for 2030. The inflow rate is predicted to increase by 1.5 % every year at Viikinmäki WWTP, accounting for a 28 % increase from 2016 to 2030. Nitrogen loading is predicted to increase by 1.5 % every year, while BOD loading is predicted to increase by 1.3 %. This means that the nitrogen load is predicted to increase by 23 % from 2016 to 2030, while the COD load increases only by 17 %. The COD/N ratio of the influent is therefore predicted to decrease from 11.2 to 10.7 by 2030. The production of reject water increases with the organic carbon loading (SS and BOD loading). Increase in reject water production is predicted to be 17 %, while the composition of reject is not expected to change. 
Table 9. Average properties of influent wastewater and reject water as predicted for 2030. 

Influent wastewater  Reject water 
Average inflow (m3/d) 347 600  Reject water flow (m3/d) 2 800 
TN concentration (mg N/L) 48.2  TN concentration (mg N/L) 1 000 
TN load (kg/d) 16 700  NH4+-N concentration (mg N/L) 850 
BOD (kg/d) 79 900  NH4+-N load (kg/d) 2 400 
SS (kg/d) 93 100    
Total phosphorus (kg/d) 2 200   

In addition to increasing loading rates, Viikinmäki WWTP is also facing increasing fluctuation in influent flow rates. According to predictions, the peak inflow rates caused by rain events or snow melt can be up to 900 000 m3/d in 2030. In 2016, the maximum flow rate treated at Viikinmäki was 660 000 m3/d. An increasing amount of by-passing may be needed in the future to prevent biomass washout. High fluctuation in inflow rates also implies variation in the influent composition. Alternating substrate availability demands robustness from the MD process. 

7.3 Methods 
7.3.1 Nitrogen balance calculations 
Nitrogen balances were formulated for the scenarios by estimating the nitrogen reductions at each unit process. Internal loading was considered for the reductions, meaning that the 
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total nitrogen load in the SD process effluent (or in Scenario 2, the total nitrogen load in reject water) was added to the influent total nitrogen load. Nitrogen loads in internal recycles were not considered.  
The TN reductions presumed for each process step are listed in Table 10. The TN reduction in used for the SD process was 70 %, which is lower than what is normally achieved in the 
ANITA™ Mox pilot (see Figure 21 in Chapter 6.2.4). Possibly 80 % TN reduction could be achieved in the full-scale SD process, but the lower value was used for precaution. The TN reductions in primary sedimentation and the DN-N process were estimated based on average TN concentrations before and after each process, from 2016 laboratory results. The NOx-N reduction in post-DN filtration was also estimated from 2016 laboratory data, and assumed to be constant with variable loading. Each reduction was rounded down from 18 % and 68 % TN reduction for primary sedimentation and DN-N, respectively, and from 87 % NOx-N reduction for post-DN filtration. 
Table 10. Nitrogen reductions in each process step used in nitrogen balance calculations. 

TN reduction in SD MBBR 70 % 
TN reduction in primary sedimentation 15 % 
TN reduction in CEPT 20 % 
TN reduction in DN-N process 65 % 
TN reduction in MD process 65 % 
NOx-N reduction in post-DN filtration 85 % 

CEPT trial run results at Viikinmäki WWTP by Valtari (2006) were utilised to estimate the TN reduction in CEPT. Literature study results were utilised in approximating the TN reduction in the IFAS MBBR process. Piloting results in the Stockholm (Plaza et al. 2016) and Paris pilots (Lemaire et al. 2016) stated that 70-75 % TN reduction could be stably 
achieved at temperatures ≥15 °C. At Viikinmäki WWTP, the objective of MD is not to improve the TN reduction in aeration, but to provide savings in operational expenses. It is also unlikely that >65 % TN reduction could be maintained year-round. The same TN reduction as in the DN-N process at 65 % was therefore assumed for MD. This allows for working out what the effects of MD on methanol consumption and aeration demand would be, due to the ease of comparing the DN-N and MD systems. 
To calculate plant-wide nitrogen balances for DN-N and MD, assumptions had to be made to estimate the fate of the TN removed. It was assumed that in aeration, 30 % of the TN removed enters waste activated sludge, while 70 % of the TN removed exits as N2 to the air (Siegrist et al. 2008). The same was assumed for the IFAS MBBR process. Moreover, the nitrogen balance in anaerobic digestion was approximated. The TN load into digestion was assumed to be equal to the TN load out. Therefore, all nitrogen exiting digestion was assumed to end up either in the reject water or in the dried digestate. Using these assumptions, flow diagrams for the nitrogen balances could be produced. 
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7.3.2 Solids balance calculations 
Solids balances were calculated for Viikinmäki WWTP, with either primary sedimentation or CEPT applied. With the solids balances, the amounts of raw sludge and waste activated sludge (WAS) to digestion could be estimated. CEPT increases raw sludge production, causing WAS production to decrease. Different biogas production rates apply for raw sludge and WAS, which is why the amount of each type needs to be determined. The volumetric sludge flows were not considered, and only the suspended solids (SS) loading rates (kg SS/d) were included in the solids balances. 
Raw sludge production was calculated by estimating the SS reduction in primary sedimentation and CEPT. Contrary to the nitrogen reductions, internal recycle was not considered for solids reduction, meaning that SS reductions were defined for influent solids. In primary sedimentation, SS reduction was estimated at 50 % using 2016 laboratory results (rounded down from 55 % reduction realised in 2016). In CEPT, SS reduction was estimated at 70 % according to the results by Valtari (2006). Solids capture was assumed to be 100 % between each treatment step. 
Basic biomass balance for activated sludge was used to determine the WAS production. At Viikinmäki WWTP, sludge retention time (SRT) is maintained at a chosen level, while the MLSS concentration depends on the solids load to the process. SRT is defined by Equation 7.1 (Tchobanoglous et al. 2003, p. 590), in which the denominator expresses the amount of sludge wasted (i.e. WAS). The WAS production rate can therefore be calculated by Equation 7.2. This equation can also be used for the MD process, because the same activated sludge dynamics apply for the suspended sludge in the IFAS MBBR. 

𝑆𝑅𝑇 =
𝑉𝑋

(𝑄 − 𝑄𝑤)𝑋𝑒 + 𝑄𝑤𝑋𝑅

(7.1) 
where SRT is solids retention time (d)  V is aeration basin volume (m3); 103 500 m3  X is concentration of biomass in reactor (MLSS) (kg/m3)  Q is influent flow rate (m3/d)  Qw is waste sludge flow rate (m3/d)  Xe is concentration of biomass in effluent (kg VSS/m3)  XR is concentration of biomass in return sludge (kg VSS/m3) 

𝑃𝑤𝑎𝑠𝑡𝑒𝑑 =
𝑉𝑋

𝑆𝑅𝑇
(7.2) 

where Pwasted is suspended solids (SS) wasted (kg SS/d) 
The MLSS concentrations depend on SS loading to the plant, and should therefore reflect the predicted SS loads to the plant in 2030. The current MLSS concentration 3.5 g/L was therefore scaled up to 4.0 g/L according to the increase in SS loading from 2016 to 2030. For the MD process, the higher SS reduction in CEPT was taken into account. The MLSS concentration 2.4 g/L for the IFAS MBBR was obtained by scaling down the 4.0 g/L MLSS 
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value with reduced the SS loading to the aeration basin, caused by the higher SS reduction in CEPT. The resulting MLSS values are listed in Table 11. 
Table 11. MLSS values used in solids balance calculations, scaled from the average 2016 MLSS concentration according to SS loading to aeration. 

 MLSS in DN-N (g/L) MLSS in MD (g/L) 
2016 3.5 - 
2030 4.0 2.4 

7.3.3 Biogas production calculations 
The amount of biogas produced from sludge depends on the organic content of the sludge, which is expressed as the volatile solids (VS) ratio to total solids (TS). The VS/TS ratios for each sludge fraction are presented in Table 12. The VS fractions in raw sludge without CEPT and in WAS were calculated from average laboratory results from 2016. Coagulant addition in CEPT reduces the VS content in raw sludge according to the results by Valtari (2006). This is reflected in the VS/TS fraction used for raw sludge with CEPT. Table 12 also presents the VS reduction in digestion. These reductions are based on Kangas et al. (2011), and show that raw sludge is more biodegradable than WAS, even though the VS/TS ratios are similar. 
Table 12. Assumptions made for VS concentration and reduction in digestion for each sludge fraction. 

 VS/TS (%) VS reduction (%) 
Raw sludge without CEPT 72.0 50 
Raw sludge with CEPT 71.0 50 
Waste activated sludge 72.7 30 

The biogas production during anaerobic digestion is typically 0.75-1.12 m3/kg VS destroyed (Tchobanoglous et al. 2003, p. 1523). Biogas production depends on the operational conditions in digestion, as well as the composition of the feed. Raw sludge contains easily digestible carbohydrates and fats, resulting in higher biogas production. WAS consists mainly of bacterial biomass and products of digestion, and therefore produces less biogas in digestion. 
Literature values are given in Table 13 for biogas production (as cited by Hanzie 2010) or methane production from raw sludge and WAS separately. These values are inconclusive, but show that raw sludge is expected to produce 20-40 % more biogas than WAS. The best correspondence to 2016 realised biogas production could be obtained with the values by Sato et al. (2011), which is why these values were chosen for estimating the biogas production in the 2030 scenarios. 
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Table 13. Literature estimates for biogas production in the anaerobic digestion of primary and secondary sludge in municipal wastewater treatment. 

 Raw sludge  WAS Reference 
Biogas production (m3/kg VSin) 

0.612 0.380 Sato et al. (2011) 
0.362 0.281 Speece (1996) 
0.375 0.275 Rittman & McCarty (2000) 

Methane production (m3/kg VSin) 
0.315 0.196 Pérez-Elvira et al. (2008) 

The biogas volumes produced in the scenarios were converted to energy equivalents, and on to monetary equivalents, so that biogas production could be related to the operational expenses of the scenarios. Energy production from biogas was estimated based on 2016 realised electricity production from the amount of biogas produced. The total biogas production was 14 million m3 of biogas in 2016, and the electricity produced was 27.8 GWh. Without considering the actual efficiency of the gas engines, the ratio 27.8 GWh / 14 million m3 = 1.99 kWh/m3 was used as an estimated for energy production from biogas at Viikinmäki WWTP. The price 0.1 €/kWh was used for electricity. 
7.3.4 Aeration demand calculations 
Mainstream deammonification is expected to have lower aeration demand than the DN-N process, because only partial nitritation is required for nitrogen removal, and less COD enters the aeration basins due to CEPT. Aeration demand in the scenarios was estimated by first calculating the actual oxygen requirement (AOR) of the biological activities in the DN-N and MD processes. Several assumptions had to be made to account for the uncertainties of MD process performance, especially for the activities of NOB and denitrifiers. Figure 24 shows that NOB activity was assumed to account for 5 % of the NH4+-N removed, while AOB converted 50 % of the NH4+-N removed. This is close to ideal, and was achieved in the Paris pilot by Lemaire et al. (2016). Oxygen is therefore assumed to be consumed only for 50 % of the removed NH4+-N. Denitrifiers were only assumed to consume the NO3–-N produced by NOB, and not to consume any NO2–-N. The equations used in estimating the oxygen requirements, and details included in the calculations can be found in Appendix I. 

 
Figure 24. Assumptions made for nitrogen compounds produced in nitrification in a well-functioning deammonification process. 
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Once the oxygen requirements for the DN-N and MD processes were approximated, the oxygen transfer of diffusers had to be estimated (see Appendix I for the methods used). In the current process configuration, bottom-mounted fine-bubble disc diffusers are used, but MD would require these to be replaced by low-maintenance coarse-bubble diffusers. Several assumptions had to be made to estimate the oxygen transfer properties of coarse-bubble diffusers. The oxygen transfer efficiency of coarse-bubble diffusers was approached by using a correlation factor. The standard oxygen transfer efficiency (SOTE) of coarse-bubble diffusers is known to be lower than the SOTE of fine-bubble diffusers. The coarse-bubble SOTE was therefore calculated as a fraction of the fine-bubble SOTE, using the correlation factor 0.4.  
With both the oxygen requirement and SOTE known, the required airflow rate QR to the DN-N and MD processes could be estimated (see Appendix I for equations used). The DO concentration was assumed to be 3.0 mg/L for the DN-N process (2016 average), and 1.5 mg/L for the MD process. This DO level has been applied in several MD pilots, such as the IFAS MBBR pilots in Stockholm (Plaza et al. 2016) and Paris (Lemaire et al. 2016). The DO level 1.5 mg/L has also been suggested by Han et al. (2016a) and Wett et al. (2013). For MD, intermittent aeration was considered. 50 % aerated time and 50 % anoxic time was assumed. For the DN-N process, 50 % aerated volume was assumed (zones 1-3 assumed to be anoxic). 
From the airflow, the electricity demand of aeration could be calculated. The Viikinmäki WWTP compressor specific energy consumption in 2016 was used. As a result, the relative difference between the energy demands of DN-N and MD could be defined. The electricity consumption was converted into monetary cost with the electricity price 0.1 €/kWh. 
7.3.5 Chemical consumption and prices 
Methanol consumption in post-DN filtration was calculated from the NOx-N loads in the DN-N and MD process effluents. Although methanol consumption is affected by whether nitrogen is in the form of NO3–-N or NO2–-N (theoretically, 40 % less carbon is required to remove NO2–-N), only NOx-N was considered here. In the current process configuration, little to no NO2–-N is present in the DN-N effluent (typically 1-2 % of TN), but the MD effluent can contain high NO2–-N concentrations. Still, the effect of NO2–-N on methanol consumption can be considered low, and only NOx-N were considered for simplicity.  
Table 14 lists the assumptions made for the NOx-N/TN and NH4+-N/TN ratios in the effluent from DN-N and MD processes.  
Table 14. Fractions nitrogen species to total nitrogen in the effluents from DN-N and MD processes. 

 DN-N MD 
NOx-N/TN 0.75 0.65 
NH4+-N/TN 0.09 0.20 

For DN-N, 2016 laboratory results were used to calculate the ratios. The MD effluent quality is generally less stable, and the NOx-N/TN and NH4+-N/TN ratios can vary 
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especially during winter. Here stable MD effluent quality was assumed, and the NOx-N/TN and NH4+-N/TN ratios were approximated based on the results by Lemaire et al. (2016). Higher NH4+-N concentrations in MD effluent can be preferred, based on the benefit of residual ammonium on AOB activity (see Chapter 4.3.2). For the NOx-N loads to post-DN filtration, average methanol consumption was calculated using the 2016 realised consumption. In 2016, the average methanol consumption was 2.75 kg CH3OH/kg NOX-N removed, calculated from the total methanol consumption in 2016. This value was assumed to be invariable, and it was used for all four scenarios.  
The coagulant used in the current process configuration is ferrous sulphate. Ferrous sulphate is used to precipitate phosphorus, and its consumption therefore is related to phosphorus loading to the plant.  In 2016, the dosage of ferrous sulphate was approximately 85 g/m3. Scaled to the 2030 phosphorus load (kg P/d), the dosage of ferrous sulphate decreases to 80 g/m3, because the inflow rate is predicted to increase more than the phosphorus load. In CEPT, the coagulant examined was polyaluminium chloride (PAC), because this coagulant proved the most efficient for SS removal in the trial runs by Valtari (2006). The PAC dosage 70 g/m3 was suggested by Valtari (2006). This dosage was chosen, although PAC dosage would most likely be the same as the ferrous sulphate dosage. In CEPT, also a cationic polymer is needed as flocculant. Polymer consumption was calculated based on the dosage 1 g/m3, which was also suggested by Valtari (2006).  
Lime is used at Viikinmäki WWTP to cancel out the alkalinity loss caused by nitrification. Lime consumption is therefore related to the nitrogen load to the plant. The lime consumption in 2016 was scaled to the increase in nitrogen loading from 2016 to 2030, to get the lime consumption in 2030. In MD, partial nitritation will reduce the alkalinity loss by 50 %. There is however little denitrification in MD, and as a result, no alkalinity is generated. The anammox reaction generates only a small amount of alkalinity, which is why MD and DN-N can be assumed to have the same alkalinity consumption. On the other hand, CEPT in the carbon removal stage may consume alkalinity. Alkalinity consumption was increased in the CEPT trial runs by Valtari (2006), but the reporting of these results is not sufficient to evaluate changes in alkalinity for this case. There can also be differences in alkalinity consumption between polyaluminium chloride chemicals, affecting the alkalinity consumption (Gebbie 2005). For simplicity, alkalinity was assumed to be the consumed with the same rate as in 2016, for both DN-N and MD processes. 
The consumption of each chemical was expressed as operational expenses using the chemical prices listed in Table 15. The 2016 realised prices were mostly used for the 2030 scenarios, and the prices were assumed to stay the same. For polyaluminium chloride, the price was assumed to decrease. Currently, PAC is used by significantly lower amounts than it would be, if CEPT was implemented. With higher purchasing volumes, the PAC price is expected to decrease. 
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Table 15. Prices of chemicals for 2016 (realised) and 2030 (predicted). 
 2016 2030 
Ferrous sulphate (€/t) 69 69 
Polyaluminium chloride (€/t) 265 250 
Methanol (€/t) 300 300 
Lime (€/t) 180 180 
Polymer (€/t) 2 000 2 000 

7.3.6 Pilot dimensioning 
A preliminary pilot design for the selected MD process is given in Chapter 9. The strategy for designing the pilot is to represent Viikinmäki WWTP in a smaller scale. The idea is therefore to scale down the plant, so that the loading to the pilot corresponds with the loading to the WWTP. Basic activated sludge process equations were used for dimensioning the pilot. For the IFAS MBBR process, Equation 7.3 was used to determine the flow rate, and Equation 7.4 was used to calculate the MLSS concentration. 

𝑄 =
𝑉

𝐻𝑅𝑇
(7.3) 

where Q is flow rate (m3/d)  V is volume of tank (m3)  HRT is hydraulic retention time (d)  
𝑘𝑔 𝑀𝐿𝑆𝑆 =

𝑆𝑙𝑢𝑑𝑔𝑒 𝑎𝑔𝑒

𝑘𝑔 𝑆𝑆 𝑖𝑛 𝑖𝑛𝑓𝑙𝑢𝑒𝑛𝑡/𝑑
 (7.4) 

The secondary clarifier in the pilot was dimensioned with Equation 7.5, which determines the surface loading rate to sedimentation. This equation could also be used in dimensioning the carbon removal stage. 
𝑆𝐿𝑅 =

𝑄

𝐴
 (7.5) 

where SLR is surface loading rate (m/h)  Q is flow rate (m3/h)  A is surface area of clarifier (m2) 
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8 ESTIMATION OF EFFECTS 
8.1 Results of calculations 
8.1.1 Nitrogen removal performance and methanol consumption 
The nitrogen removal performance in the four scenarios was estimated by calculating the nitrogen mass balance for each scenario. From the results in Table 16, it can be observed that the lowest effluent TN is estimated for Scenario 0 (i.e. conventional nitrogen removal with sidestream deammonification). The main reason for this is the residual ammonium ratio assumed for mainstream deammonification (see Table 14 in Chapter 7.3.1), which cannot be removed in post-denitrification. Overall, the results in Table 16 mostly reflect the assumptions made in Chapter 7.3.1. The assumptions made for nitrogen removal with MD may not be realistic, because stable TN reduction and effluent ratios were expected. Estimating these values is challenging, because TN reduction and effluent composition are known to have great variation in MD processes.  
Table 16. N removal efficiency with DN-N and MD processes assuming 65 % TN removal in both processes. 

 Scenario 0 Scenario 1 Scenario 2 Scenario 3 
TN load to aeration (kg N/d) 14 900 14 100 16 400 14 700 
TN load to post-DN filtration (kg N/d) 5 200 4 900 5 700 5 200 
TN in effluent (kg N/d) 1 900 2 200 2 200 2 000 
TN concentration in effluent (mg N/L) 5.5 6.3 6.3 5.7 
Total TN reduction in aeration and post-DN filtration (%) 89 87 87 88 

To better illustrate the difference between the conventional nitrogen removal and mainstream deammonification, Figure 25 shows the plant-wide nitrogen flows in Scenarios 0 and 1. Both scenarios include sidestream deammonification for reject water, but assume different TN reductions for primary treatment. The NH4+-N/TN ratio assumed for MD effluent impacts the post-DN filtration, which can only remove NOx-N. The effluent TN is therefore higher in Scenario 1.  
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Figure 25. a) Nitrogen balance for total nitrogen entering Viikinmäki WWTP in Scenario 0. b) Nitrogen balance in Scenario 1. 
In Table 17, the volumetric nitrogen loading and removal rates are presented for each scenario. Although the same TN reduction of 65 % in aeration was assumed in all scenarios, there is some variation in the nitrogen removal rates (NRRs) between each scenario, due to small variation in nitrogen loading rates (NLRs). Lower NLR in Scenario 1 is caused by the higher TN reduction in CEPT, which was assumed to be 20 %, while the TN reduction in primary sedimentation was assumed to be 15 %. Higher NLR in Scenario 2 is caused by lack of separate reject water treatment, because intermittent reject water feeding was assumed in this scenario. The successive feeding of reject water to the two MD treatment lines was hypothesised, although not assumed to affect the TN reduction. 
Table 17. Volumetric nitrogen loading and removal rates in aeration with the scenarios. 

 Scenario 0 Scenario 1 Scenario 2 Scenario 3 
Nitrogen loading rate (NLR) (kg N/m3/d) 0.14 0.14 0.16 0.14 
Nitrogen removal rate (NRR) (kg N/m3/d) 0.094 0.088 0.10 0.093 
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To estimate the methanol consumption in each scenario, the NOx-N load to the post-denitrification filters had to be predicted using the assumed NOx-N/TN ratio (see Table 14 in Chapter 7.3.1). Using the same estimations for NOx-N reduction and methanol dosing, the yearly methanol consumption rates shown in Table 18 were obtained. Compared to Scenario 0, methanol consumption would increase in Scenario 2, and slightly decrease in Scenario 3. In Scenario 1, methanol consumption would decrease by 18 %, therefore making Scenario 1 more feasible than Scenarios 2 and 3. Thus, only Scenario 1 will be compared to Scenario 0 from this point on. 
Table 18. Methanol consumption in each scenario 

 Scenario 0 Scenario 1 Scenario 2 Scenario 3 
NOx-N load to post-DN filtration (kg N/m3/d) 0.91 0.74 0.96 0.87 
NOx-N removed (kg N/m3/d) 0.77 0.63 0.82 0.74 
Methanol demand (kg/m3/d) 2.1 1.7 2.3 2.0 
Methanol consumption (kg/a) 3 345 000 2 729 000 3 557 000 3 204 000 
Difference to Scenario 0  -18 % +6.3 % -4.2 % 

To study the effect of the removal rate on MD methanol consumption, 70 % TN reduction was used for Scenario 1. With better TN reduction, the load to the post-DN filters would by smaller, and as a result, the methanol consumption would be 30 % lower than in Scenario 0. The likelihood of achieving 70 % TN reduction with MD is however small, especially during winter conditions in Finland. 
8.1.2 Biogas production 
Suspended solids balances were determined for Scenarios 0 and 1 to estimate the biogas production. The results for these calculations are presented in Table 19. Higher SS reduction in CEPT compared to primary sedimentation leads to higher raw sludge production in Scenario 1. Consequently, the WAS production is lower in Scenario 1. Because raw sludge has higher energy content for digestion, the higher portion of raw sludge results in 10 % higher biogas production in Scenario 1.  
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Table 19. Results of solids balance calculations and biogas production for Scenarios 0 and 1. 
  Scenario 0 Scenario 1 
Inflow (m3/d) 347 600 347 600 
SS load (kg/d) 93 100 93 100 
Raw sludge   
SS reduction in primary treatment (%) 50 70 
Raw sludge production (kg/d) 46 500 65 100 
SS load to aeration 46 500 27 900 
Waste activated sludge   
Aeration basin volume (m3) 103 500 103 500 
Sludge retention time (d) 10 10 
MLSS (kg/m3) 4.0 2.4 
WAS production (kg/d) 41 400 24 800 
Raw mixed sludge   
Amount of sludge to digestion (kg/d) 87 900 90 000 
Fraction of raw sludge (%) 53 72 
Fraction of WAS (%) 47 28 
Biogas production   
Raw sludge VSin (kg/d) 33 500 46 200 
WAS VSin (kg/d) 30 100 18 100 
Amount of biogas produced (m3/d) 31 900 35 200 
Yearly biogas production (m3/a) 11 657 000 12 835 000 
Difference  +10 % 

8.1.3 Chemical consumption 
The consumption of chemicals is presented in Table 20. Mainstream deammonification affects chemical consumption mainly through decreased methanol consumption (see Table 18). Lime consumption is not expected to be different between conventional nitrogen removal and mainstream deammonification. Although less alkalinity is consumed in partial nitritation (50 % of alkalinity saved), alkalinity consumption is assumed to be the same between Scenarios 0 and 1, because the alkalinity producing effect of denitrification is lost in deammonification. 
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Table 20. Chemical consumption and chemical expenses in Scenarios 0 and 1. 
 Scenario 0 Scenario 1 
Coagulant type Ferrous sulphate PAC 
Coagulant dosage (g/m3) 80 70 
Coagulant consumption (t/a) 10 100 8 880 
Polymer dosage (g/m3) 0 1 
Polymer consumption (t/a) 0 127 
Methanol consumption (t/a) 3 350 2 730 
Lime consumption (t/a) 2 620 2 620 

8.1.4 Aeration demand 
The actual aeration requirement (AOR) was calculated according to the procedure described in Appendix I. The results of these calculations are: 
𝐴𝑂𝑅Scenario 0 = 0.5 ∙ 37 379 kg d⁄ + 0.1 ∙ 51 750 m3 ∙ 4.0 kg m3⁄ +  4.57

∙ 10 919 kg NH4-N d⁄ − 2.86 ∙ 7 023 kg NOx-N d⁄ = 69 200 kg O2 d⁄  
𝐴𝑂𝑅Scenario 1 = 0.5 ∙ 25 878 kg d⁄ + 0.1 ∙ 51 750 m3 ∙ 2.4 kg m3⁄ +  0.05 ∙ 4.57

∙ 478 kg NH4-N d⁄ + 0.95 ∙ 3.43 ∙ 0.45 ∙ 9 082 kg NH4-N d⁄ − 2.86

∙ 478 kg NOx-N d⁄ =  40 200 kg O2 d⁄   
Based on these results, the AOR is 42 % lower in Scenario 1 than in Scenario 0. The main reason is that full nitrification can be avoided, but also the reduced carbon load to aeration contributes to the lower AOR. From AOR, the aeration demand could be estimated according to the procedure described in Appendix I. The DO set-point 1.5 mg/L was used for Scenario 1. The results for aeration demand calculations are shown in Table 21. The Standard Oxygen Transfer Efficiency (SOTE) has a major effect on the required airflow (QR), which is 4.4 % greater in Scenario 1 compared to Scenario 0 with the assumptions made. This signifies that the advantage of 42 % lower AOR is lost due to the low SOTE assumed for coarse-bubble diffusers, chosen for Scenario 1. The less efficient aeration system results in higher aeration expenses for Scenario 1. 
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Table 21. Results of the aeration demand calculations for Scenarios 0 and 1. 
  Scenario 0 Scenario 1 
AOR (kg O2/h) 2 900 1 700 
SOTE (%) 58 23 
QR (m3/h) 35 000 36 600 
Compressor specific energy demand (kWh/m3) 0.045 0.045 
Energy demand (kWh) 1 580 1 650 
Yearly energy demand (kWh/a) 13 820 000 14 420 00 

8.2 Analysis of results 
8.2.1 Operational expenses 
The results for biogas production, chemical consumption and aeration demand were converted into yearly expenses in euros. The results for Scenarios 0 and 1 are compared in Table 22. The greatest impact on the operational expenses of Scenario 1 is clearly caused by the high cost of polyaluminium chloride. The benefit of higher biogas production and lower methanol consumption is lost to the expensiveness of CEPT. Furthermore, the selection of coarse-bubble diffusers as the aerator type makes aeration less efficient, thus resulting in higher aeration expenses in Scenario 1. 
Table 22. Comparison of the yearly expenses of Scenarios 0 and 1. 

  Scenario 0 Scenario 1 Added expense of Scenario 1 
Biogas Amount produced (m3/a) 11 700 000 12 800 000 

-234 000 € 
Energy equivalent (kWh/a) 23 200 000 25 500 000 
€ (equivalent) 2 310 000 2 550 000 

Coagulant Amount needed (t/a) 10 100 8 900 
+1 500 000 € € 700 000 2 220 000 

Polymer Amount needed (t/a) 0 130 
+254 000 € € 0 254 000 

Methanol Amount needed (t/a) 3 300 2 700 
-185 000 € € 1 000 000 819 000 

Aeration Airflow QR (m3/h) 35 000 36 600 

+60 000 € 
kWh/a 13 800 000 14 400 000 
€ 1 380 000 1 440 000 

Difference in total: +1 400 000 € 
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The impact of coagulant expenses to the operational expenses composition in the two scenarios is great, as can be seen from the cost distribution diagrams in Figure 26. The significance of coagulant expenses is significantly greater in Scenario 1, but on the other hand, methanol expenses are less significant in Scenario 1. Expenses of aeration stay approximately the same, but their influence is different due to the high coagulant expenses in Scenario 1. 

 
Figure 26. Comparison of cost distribution in Scenarios 0 and 1 for the main expenses affecting the operational expenses. 
In order to evaluate the impact of chemical prices on the feasibility of Scenario 1, a sensitivity analysis was executed. The savings in expenses from biogas production and the added expenses from aeration and polymer were kept constant according to Table 22. In Table 23, different prices of polyaluminium chloride and methanol are used to calculate the added expense of Scenario 1. The darker cells in Table 23 signify higher added costs of Scenario 1 that rise to as high as 1.95 million euros. Even with PAC prices at 100 €/t and methanol prices at 400 €/t, Scenario 1 is more expensive than Scenario 0 by over 20 000 €. It is apparent that Scenario 1 becomes more feasible if the price of methanol increases and the price of polyaluminium chloride decreases. The price of methanol has however a less significant impact, noticeable mainly with low PAC prices. 
Table 23. Sensitivity analysis for the added expense of Scenario 1 with varying prices for methanol and polyaluminium chloride. 
 Methanol (€/t)     PAC (€/t) 150 200 250 300 350 400 
100 176 000 145 000 114 000 83 300 52 500 21 600 
150 620 000 589 000 558 000 527 000 497 000 466 000 
200 1 060 000 1 030 000 1 000 000 971 000 941 000 910 000 
250 1 510 000 1 480 000 1 450 000 1 420 000 1 390 000 1 350 000 
300 1 950 000 1 920 000 1 890 000 1 860 000 1 830 000 1 800 000 

Based on Table 23, Scenario 1 is more expensive than Scenario 0 even with the most favourable chemical prices. There are however several uncertainties included in the calculations, most notably the nitrogen removal rate in mainstream deammonification, which affects the methanol consumption, and the oxygen transfer efficiency assumed for coarse-bubble diffusers. Of these two factors, methanol consumption is difficult to estimate 
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due to the uncertainties in nitrogen removal by MD (see Chapter 7.3.1), but the impact of coarse-bubble oxygen transfer efficiency can easily be tested. Using a different correlation factor (0.5 vs. 0.4) to reduce the SOTE of fine bubble aeration (method described in Chapter 7.3.4), the cost of aeration is nearly 300 000 € lower, as can be seen in Table 24. 
Table 24. Effect of correlation factor used to determine coarse-bubble SOTE from fine bubble SOTE in calculating the aeration expenses of Scenario 1. 

 Aeration 
cost (€/a) Difference to Scenario 0 

0.4 · SOTE 1 440 000 +4.4 % 
0.5 · SOTE 1 150 000 -16.5 % 

To further examine the effect of the correlation factor used for SOTE, another sensitivity analysis was conducted. The results using the other correlation factor are shown in Table 25. From the table, it can be seen that Scenario 1 becomes more feasible, when the more beneficial SOTE for coarse-bubble aeration is assumed. This assumption is reasonable, when considering full-floor coverage of diffusers with optimal installation (horizontal flow of bubbles is minimised). Furthermore, coarse-bubble oxygen transfer has been suggested to be more efficient in MBBR systems. According to Ødegaard (2016), the large bubbles are broken up by carriers, and made smaller. Due to this effect, oxygen transfer should improve, when the filling ratio of the reactor increases. Even so, the price of polyaluminium chloride is still the main factor determining Scenario 1 feasibility. 
Table 25. Sensitivity analysis for the added expense of Scenario 1, with varying prices for methanol and polyaluminium chloride, assuming higher efficiency of coarse-bubble aeration (0.5 · SOTE). 
 Methanol (€/t)     PAC (€/t) 150 200 250 300 350 400 
100 -113 000 -143 000 -174 000 -205 000 -236 000 -267 000 150 331 000 301 000 270 000 239 000 208 000 177 000 200 775 000 745 000 714 000 683 000 652 000 621 000 250 1 220 000 1 190 000 1 160 000 1 130 000 1 100 000 1 070 000 
300 1 660 000 1 630 000 1 600 000 1 570 000 1 540 000 1 510 000 

8.2.2 Risk evaluation 
The main risks for implementing Scenario 1 at Viikinmäki WWTP were identified and categorised to risks caused by influent, biomass and process control (Table 26). Risk severity was assessed based on the likelihood and the consequences of the risk. Table 26 shows that the most severe risks are biomass-related. The robustness of the mainstream deammonification process is the main concern for Scenario 1, and should be investigated by piloting, before Scenario 1 can be considered for Viikinmäki WWTP. So far, nitrogen removal by MD has not been sufficiently proved at temperatures <15 °C, which makes the risk of Scenario 1 considerable. The risk could be reduced by choosing Scenario 3 instead, with only one or two treatment lines transformed to MD, although this option was found less advantageous, as discussed in Chapter 8.1.1. 
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Table 26. Risk analysis for implementing Scenario 1 at Viikinmäki WWTP. 
 Risk Severity Comment 
A) Influent Peaks of high influent flow rates can cause biomass washout, especially if MLSS has poor settleability in secondary sedimentation 

Low Lower risk in IFAS MBBR due to lower solids loading to the secondary clarifier 
Poor quality of CEPT effluent results in high influent carbon to MD process, increasing heterotroph competition 

Low Based on test runs by Valtari (2006), CEPT effluent quality is stable 
B) Biomass If microbial management is inefficient, NOB activity can increase and cause nitrite unavailability to AMX as well as deteriorate effluent quality 

High The importance of operational strategy and monitoring is highlighted 
Sudden drops of temperature in the influent wastewater can cause AMX inactivation or even die-off  

High Severity depends on the stability of the system before the temperature drop 
C) Control Mistakes in calibrating monitoring devices, opening/closing valves etc. could lead to problems in microbial management and effluent quality 

Moderate Education of staff is necessary to avert mistakes 
Control of MD is highly dependent on process monitoring, therefore any malfunction in operative monitoring devices can lead to serious problems such as NOB breakouts and AMX inhibition 

High As a preventative measure, key monitoring equipment should be duplicated 
In case of severe issues in the MD process, going back to conventional nitrogen removal would most likely be easy, although the biomass type would have to remain as attached growth for practical reasons. The fast growth of heterotrophs would restore denitrification potential, if enhanced primary treatment was discontinued. Bioaugmentation of AOB could be done by adding regular activated sludge, which would reduce the time to have the DN-N process functional. The start-up time would also be much shorter than the time required for starting MD, which also requires AMX containing biomass as inoculum. 

8.3 Implementation of biological carbon removal stage 
The operational expenses of Scenario 1 show that CEPT is an expensive technology for the carbon removal stage. Mainstream deammonification could be made more feasible at Viikinmäki WWTP by choosing biological carbon removal instead. The high-rate activated sludge (HRAS) process is the biological process with the most references (see Chapter 5.2.3), and shall therefore be examined for Viikinmäki. Two main requirements exist for HRAS implementation. First, the process should have low aeration demand to keep the operational costs low. Second, no additional space is available, and therefore HRAS should have minimal space requirements. 
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Fundamentally, the only suitable location for HRAS at Viikinmäki WWTP is the pre-aeration basin, which gathers the water from the four grit removal units, and divides the flow to the seven primary sedimentation lines. Pre-aeration is a remnant from the time before nitrogen removal was implemented at Viikinmäki. Currently, pre-aeration has no specific function, other than that lime is added in the pre-aeration basin. The basin is unaerated at present, and mainly acts as an intermediate stage before primary treatment. The basin could therefore be given new use with HRAS, while the primary treatment lines would be used for sedimentation for sludge recycling. There are however competing plans for the pre-aeration basin. Pre-aeration is being considered as a possible location for the full-scale reject water treatment process as MBBR. 
The pre-aeration basin has the volume 8 600 m3. The 2030 average inflow rate is predicted to be 348 000 m3/d, but also the WAS flow is pumped to pre-aeration, and removed together with raw sludge from primary sedimentation. The WAS flow rate is however small in Scenario 1 (approximately 320 m3/d assuming TS 7 %). Thus, the total flow rate to pre-aeration would still be approximately 348 000 m3/d. With this flow rate, the volume needed for a high-rate process is 7 250 m3, when the HRT of 30 min is assumed (based on Jimenez et al. 2015). The pre-aeration basin can therefore be considered suitably sized for average flow rates. 
With 2030 maximum inflow rates (predicted to be 700 000-990 000 m3/d), the HRT would be reduced to 12-17 min, which could reduce the carbon capture efficiency. The spacious primary sedimentation lines would however provide good solids separation, which could also be enhanced by chemical addition. Chemical dosage would however be lower than in CEPT, resulting in lower operational expenses. Although aeration is needed in HRAS, the DO level can be <1 mg/L (Jimenez et al. 2015), reducing the expenses of aeration. HRAS could therefore be a cost-efficient solution for carbon removal in mainstream deammonification, but to ensure the COD removal performance, the process should first be piloted with the Viikinmäki WWTP influent. 
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9 PILOTING MAINSTREAM DEAMMONIFICATION 
9.1 Pilot configuration 
9.1.1 Objectives for piloting 
Before mainstream deammonification can be implemented Viikinmäki WWTP, proof of principle is necessary in the form of piloting. The main challenge expected to impact the applicability of MD is the cold climate in Finland. Therefore, the main objective of piloting would be to test how mainstream deammonification functions at <15 °C. Piloting would conclude whether Finnish temperatures are too low to achieve stable MD performance with the IFAS MBBR process. Besides the temperature aspect, also the overall applicability of MD to Viikinmäki WWTP influent could be assessed by piloting, to identify any inhibitory effects caused by substances in the wastewater. Additionally, the effects of bioaugmentation and reject water feeding could be examined. Bioaugmentation could be carried out by adding activated sludge or recycled carrier material from reject treatment (see Chapter 5.1.3). Reject water feeding was found to increase AOB activity in the IFAS MBBR pilot in Malmö (Veuillet et al. 2015), but could prove inhibitory in the MD pilot at Viikinmäki. 
Another main focus of piloting would be the out-selection of NOB in the IFAS MBBR process. A key objective of piloting would be to test various NOB out-selection strategies (as presented in Chapter 4.3). This would mostly involve testing different aeration control strategies and DO set-points (high vs. low), but also examining what is the most suitable residual ammonium concentration (2 mg NH4+-N/L or higher). An additional objective of piloting would be to determine which carbon removal method is the most suitable for MD at Viikinmäki plant. The operational expense analysis in Chapter 8.2.1 showed that CEPT is a very expensive technology for the carbon removal stage, which is why biological carbon removal with HRAS should also be considered (see Chapter 8.3). Both of these methods could be tested by piloting, so that the COD removal efficiency of each process could be assessed and compared. Furthermore, the suitability of different coagulants (e.g. polyaluminium chloride vs. ferric sulphate) could be assessed in the pilot. 
In order to get the information listed above, the pilot should be executed in such a way that the plant is properly represented. This means that the inflow to the pilot should be organised so that normal diurnal variation in flow rate and loading occurs. The IFAS MBBR process should be able to function well with normal variation in flow rate and substrate availability, otherwise the process is impracticable. The basis for piloting is therefore to have Viikinmäki WWTP in pilot scale, to represent Scenario 1 with full-scale mainstream deammonification. 
9.1.2 Piloting options 
Similar boundary conditions exist for piloting mainstream deammonification as described for full-scale implementation in Chapter 6.3.2. Existing space and facilities should be used, 
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and the IFAS MBBR presented in Figure 27 acts as the basis for piloting. Other boundary conditions are formed by the inflow variation and temperature of Viikinmäki WWTP influent. The pilot should be arranged to so that flow variation is experienced (i.e. no flow equalisation should occur). 

 
Figure 27. Flow diagram for the mainstream deammonification pilot at Viikinmäki WWTP, with CEPT as the carbon removal method. 
Based on these boundary conditions, three options for piloting are considered, as presented in Figure 28. Option 1 would provide the most comprehensive results in terms of assessing the feasibility of mainstream deammonification at Viikinmäki WWTP. However, the risks of this option are high due to the uncertainties of MD performance at <15 °C. Because it takes time to have mainstream deammonification functional and to refine NOB out-selection strategies, a smaller scale would be more suitable. Smaller scale in piloting gives room to testing various operational strategies without any risk of exceeding the operational requirements. In Option 1, instability in the nitrogen removal performance of the pilot could cause high nitrogen loading to the environment. 

 
Figure 28. Three options for piloting mainstream deammonification at Viikinmäki WWTP, with the advantages and disadvantages of associated with each option. 
The other two options concern piloting in smaller scale. Option 2 involves the use of two existing 3 m3 tanks, which were previously used in the SHARON pilot (description in the thesis by Hienonen (2009)). The location of the tanks within Viikinmäki WWTP is shown in Appendix II. The cylindrical tanks are made of fibreglass and have the height 2.4 m and the diameter 1.4 m. One of the tanks has a bottom-mounted fine-bubble diffuser system installed (14 plate aerators), and both have mixing and piping installed. Additionally, both have heating, but this feature would not be used in the MD pilot, because heating would be highly impracticable in full-scale. Chemical feed with a pump is connected to the aerated tank, from which a pump connects to the other tank. One tank could be used as the IFAS MBBR reactor, while the other tank could be used for clarification. The flat-bottom tank is 
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not optimal for solids separation as it is. The tank could however be modified to incorporate a cone shape to the bottom, but this option requires further investigation. Carbon removal could be implemented in a separate tank, or two separate tanks to examine both chemical and biological carbon removal. 

 
Figure 29. The piloting tanks and the control panel used in the SHARON pilot. 
Option 3 would allow choosing any scale and reactor configuration for piloting. The advantages of this option are mainly that the secondary clarifier design can be optimised (e.g. proper cone-shaped clarifier), and that a larger scale can be chosen for piloting compared to the scale in Option 2. There is however no real need to choose a larger scale, as the objective of piloting is obtaining proof of principle. As a consequence, the scale of Option 3 would not be much larger than the scale of Option 2. Overall, not much added benefit could be achieved with Option 3, which is why Option 2 is selected for piloting. The existing tanks can therefore be used as a starting point for the preliminary design for piloting.  
9.1.3 Pilot design 
The basis for dimensioning the pilot was to use the dimensions of aeration basin at Viikinmäki, and to scale it down to the pilot size, to get the flow rate and loading to the pilot. One aeration basin has the volume 11 500 m3. Scaling down the Viikinmäki WWTP influent to one activated sludge line can be done using the reactor volume ratio: 3 m3 / 11 500 m3 = 0.026 %. With this ratio, the inflow rate to the pilot was calculated as follows: 

𝑄𝑝𝑖𝑙𝑜𝑡 =
𝑉𝑝𝑖𝑙𝑜𝑡

𝑉𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑎𝑒𝑟.
𝑄𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑎𝑒𝑟. =

3 m3

11 500 m3
∙

347 570 m3 d⁄

9

= 10 m3 d⁄  

 



 

89 
 

This inflow rate is larger than the 2.1-3.7 m3/d inflow to the SHARON pilot. Using Equation 7.3, the hydraulic retention time (HRT) for the aerated piloting tank can be calculated: 
𝐻𝑅𝑇𝑝𝑖𝑙𝑜𝑡 =

3 m3

(10 m3/d 24 h⁄ )
= 7.2 h 

The average HRT in the full-scale aeration basins is 8 h, and therefore the inflow rate to the pilot is suitable. Using 10 m3/d flow rate and the influent properties for 2030 (Table 9 in Chapter 7.2.2), the loading rates as shown in Table 27 could be calculated. Based on the BOD load, the volumetric BOD loading to the pilot is 0.77 kg BOD/m3/d. 
Table 27. The inflow and loading rates to the pilot, based on predicted influent properties for 2030. 

Q (m3/d) 10 
SS (kg/d) 2.7 
BOD (kg/d) 2.3 
Total nitrogen (kg/d) 0.49 
Total phosphorus (kg/d) 0.063 

The sludge age (SA) of the suspended sludge in the IFAS MBBR can be calculated based on the SS load and the MLSS assumed for Scenario 1 (see Table 11 in Chapter 7.3.2). Equation 7.4 was used to calculate the sludge age, as shown below: 
𝑆𝐴𝑝𝑖𝑙𝑜𝑡 =

3 m3 ∙ 2.4 kg/m3

10 m3 d⁄  ∙ 2.7 kg SS/d
= 6.4 h 

The secondary clarifier of the pilot would be implemented in the second 3 m3 tank. The surface area of the tank is 1.54 m2, while the surface area of one full-scale clarifier is 2 070 m2. The ratio of these areas is 1.54 m2 / 2 070 m2 = 0.074 %, which is higher than the volume ratio of the aeration basins. A better comparison is to compare the surface loading rates (SLR) of the pilot and the full-scale clarifiers. Equation 7.5 was used to get the following SLRs: 
𝑆𝐿𝑅𝑝𝑖𝑙𝑜𝑡,𝑠𝑒𝑐𝑜𝑛𝑑𝑎𝑟𝑦 𝑐𝑙. = (10 24⁄ ) m3/h / 1.54 m2 = 0.27 m/h 

𝑆𝐿𝑅𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑠𝑒𝑐𝑜𝑛𝑑𝑎𝑟𝑦 𝑐𝑙. = (348 000 9⁄ 24⁄ )m3/h / 2 070 m2 = 0.78 m/h 
The SLR in the pilot clarifier is low compared to the full-scale SLR, meaning that the second 3 m3 tank has a suitable surface area to represent the full-scale secondary clarifier. The suitability of the flat-bottom tank for solids separation should however be examined. The solids separation could be improved by modifying the tank to have a cone-shaped bottom, but the practicability of this modification needs further inspection. 
The carbon removal stage for the pilot can be implemented in various ways. Both chemical and biological treatment methods should be tested to analyse the feasibility of each type of method. However, the viability of HRAS is uncertain at Viikinmäki WWTP, because pre-
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aeration might be used for full-scale reject water treatment. If this plan is realised, the only suitable space for HRAS becomes unavailable. Therefore, CEPT is considered as the primary method for the carbon removal stage in the pilot. The dimensions of the CEPT reactor were calculated to match the surface loading rate to one full-scale primary treatment line (7 lines). The surface area of the CEPT reactor was calculated according to the SLR and inflow rate as shown below: 

𝐴𝑝𝑖𝑙𝑜𝑡,𝐶𝐸𝑃𝑇 =
𝑆𝐿𝑅𝑝𝑟𝑖𝑚.

𝑄𝑝𝑖𝑙𝑜𝑡
=

𝑄𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑝𝑟𝑖𝑚. 𝐴𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑝𝑟𝑖𝑚.⁄

𝑄𝑝𝑖𝑙𝑜𝑡
=

347 570 m3 d⁄
7

1 048 m2⁄

10 m3 d⁄

= 0.20 m2 
For CEPT, the volume of the reactor is less important than the surface area. It is however important to know the volume needed for the reactor for further designing of the pilot. The volume of the CEPT reactor can be calculated by scaling down the volume of one full-scale primary sedimentation tank, using the ratio of flows to the pilot and to one primary treatment line, as shown below: 

𝑉𝑝𝑖𝑙𝑜𝑡,𝐶𝐸𝑃𝑇 =
𝑄𝑝𝑖𝑙𝑜𝑡

𝑄𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑝𝑟𝑖𝑚.
𝑉𝑜𝑛𝑒 𝑙𝑖𝑛𝑒,𝑝𝑟𝑖𝑚. =

10 m3 d⁄

347 570
7  m3 d⁄

∙
34 850 m3

7

= 1.0 m3

 

A larger volume than 1.0 m3 may be needed for sufficient solids separation before mainstream deammonification. An over-sized reactor with the volume 2-3 m3 could be selected as a precaution. Additionally, separate reactors would be needed for fast mixing and slow stirring, but these features are not considered here. Optimal design for coagulation and flocculation should be included in the further design of the pilot. The dimensions of the CEPT, IFAS MBBR and secondary clarifier are combined in Table 28. 
Table 28. Preliminary dimensions of the pilot, with CEPT as the carbon removal method. 

1. CEPT 2. Deammonification 3. Secondary     clarification 
V (m3) SLR (m/h) V (m3) HRT (h) MLSS (g/l) Sludge age (h) V (m3) SLR (m/h) 

2-3 1.8 3.0 7.1 2.4 6.4 3.0 0.27 
In addition to these dimensions, the application of HRAS should also be considered. To match the HRAS pilot to the pre-aeration basin (volume 8 600 m3), the pre-aeration HRT can be used to determine the volume needed for the HRAS reactor: 

𝑉𝑝𝑖𝑙𝑜𝑡,𝐻𝑅𝐴𝑆 =
𝐻𝑅𝑇𝑝𝑟𝑒−𝑎𝑒𝑟𝑎𝑡𝑖𝑜𝑛

𝑄𝑝𝑖𝑙𝑜𝑡
=

8 600 m3/348 000 m3 d⁄

10 m3 d⁄
= 0.25 m3 

The parameters calculated for the IFAS MBBR (Table 28) are mostly general parameters for activated sludge processes. The sludge age is only valid for the suspended growth in the IFAS MBBR, and not for the attached growth on the carrier material. Parameters that 
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are specific for MBBR type processes are the filling ratio of carrier material, and the protected surface area of the carriers. Three typical carrier material types are K5, K3 and K1 by AnoxKaldnes. For each type, the bulk specific surface areas and maximum filling ratios are listed in Table 29 (according to Ødegaard 2016). K5 carriers have the highest bulk specific area, and are also used in the current SD pilot. Based on these reasons, K5 carriers are selected as the carrier type for the pilot. The protected surface areas of the carriers in the 3 m3 IFAS MBBR reactor are listed in Table 29 for the filling ratios of 40 % and 50 %.  
Table 29. Carrier specific protected area for three commonly used carrier materials, and the resulting total protected area for the 3 m3 reactor size. 

 K5 K1/K3 
Bulk specific area (m2/m3) 800 500 
Max filling ratio (%) 60 65 

Protected surface area in the 3 m3 reactor (m2) 1 440 975 
Normal filling ratio (%) 40 40 

Protected surface area in the 3 m3 reactor (m2) 960 600 
Higher filling ratio (%) 50 50 

Protected surface area in the 3 m3 reactor (m2) 1 200 750 
Typically, the filling ratio is around 40 % for K5 carriers. In the current SD pilot, the filling ratio 38 % is used. Using the filling ratio 40 %, the resulting protected surface area is 960 m2, as shown in Table 29. Increasing the filling ratio to 50 % gives higher protected areas at 1 200 m2. The volume of carriers needed for the 40 % filling ratio is 1.2 m3, and for the 50 % filling ratio, 1.5 m3 of carriers are needed. A higher filling ratio can improve the oxygen transfer efficiency (Ødegaard 2016), but can also hinder mixing in the reactor. The normal filling ratio 40 % can therefore be considered more suitable. 

9.2 Pilot operation 
9.2.1 Monitoring and control of IFAS MBBR 
Good data on process conditions is required for successful control of mainstream deammonification. Process control is mainly based on controlling the DO level, but also the inflow rate is an important control parameter. Online monitoring data plays a crucial role in controlling MD, but also laboratory analyses are required to assess a wider range of process parameters. Table 30 lists the parameters that online monitoring is needed for. Laboratory analyses and kit tests are needed to determine the concentrations of NO3‒-N and NO2‒-N, because most online analysers only control the sum NOx-N. Furthermore, laboratory tests are needed to analyse the MLSS concentration. The online DO and NH4+-N measurements act as the controlling variables. Cascade control can be set to automatically control the DO set-point and intermittent aeration cycles based on the NH4+-N level in the IFAS MBBR. 
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Table 30. Key online monitoring needed for the operation of the mainstream deammonification pilot. 
Location Sensor Details 
Influent Flow  
Influent NH4+-N  
IFAS MBBR DO Control parameter 
IFAS MBBR pH  
IFAS MBBR NH4+-N Control parameter 
IFAS MBBR NOx-N  

Online monitoring and process control of the pilot will be incorporated into the Valmet DNA process control system, which is used for the plant-wide operation of Viikinmäki WWTP. A window was created in Valmet DNA for the SHARON pilot, which is shown in Figure 30. This window can be modified to correspond with the specific needs of the MD pilot. In the SHARON pilot, the control strategy was based on controlling the aerated and anoxic retention times. Similar to this, MD control is mainly be based on manipulating the airflow and aerated time in the IFAS MBBR. Different aeration control strategies presented in Chapter 4.3.4 can be tested. Automated process control with feedback control loops is generally deemed beneficial for MD processes (Al-Omari et al. 2015). For instance, automated control can be used to ensure that the pH, DO and NH4+-N concentrations stay between pre-defined minimum and maximum levels. These set-points could then be defined in the Valmet DNA system. 

 
Figure 30. The process control window created for the SHARON process in the Valmet DNA process control system. 
9.2.2 Guidelines for pilot operation 
One of the main objectives of piloting MDat Viikinmäki is to define operational strategies to ensure stable nitrogen removal with MD. Here, general guidelines will be given on pilot 
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operation. The main guideline is to lead the influent from pre-aeration without equalisation or control, because one of the main objectives of piloting is to simulate actual Viikinmäki WWTP conditions. After the pilot is in operation, the inflow and loading should therefore reflect normal diurnal variation. The effluent from the pilot can be directed to the start of one aeration line. 
The start-up of deammonification processes has been notorious for being slow and difficult (van Hulle et al. 2010). Start-up of the IFAS MBBR should therefore be given time and care. Start-up of the carbon removal stage is faster and overall less demanding, which is why carbon removal could be started later. Reject water will be used in the start-up, because the higher temperature and the low COD/N ratio help increase AMX quantities. Bioaugmentation from the SD pilot could be applied to speed up the establishment of AMX on the virgin carrier material. 
Reject feeding will be continued until sufficient AMX and AOB quantities are achieved, and NOB activity is suppressed. Decreasing the NH4+-N loading can then be started, by mixing mainstream water with reject, and increasing the ratio of MWW gradually. This also results in a gradual decrease in temperature. During the start-up, aeration intensity should be low to allow for AMX growth. Intermittent aeration will be applied with short aerated periods. Good mixing is necessary to keep the carriers in suspension. The initial DO set-point 1.5 mg/L will be applied (as in the Stockholm pilot), but different DO set-points and aeration strategies will then be tested. 
9.2.3 Resource use and implications of piloting 
The operational expenses of piloting will mostly consist of working hours needed for sampling and analyses, as well as for operating the pilot. Working hours of Viikinmäki WWTP staff will be taken up by conducting kit tests to determine the NO3‒-N and NO2‒-N concentrations in the process, because these concentrations are needed to monitor the state of the process, especially in the start-up phase. Comprehensive laboratory analyses also need to be commissioned for monitoring, and also to verify the online monitoring data. Additionally, process operation can be expected to be laborious due to the complexity of the microbial activities in mainstream deammonification. Good education of staff is therefore required, and at least two persons should have good understanding of mainstream deammonification microbiology. 
Besides requiring numerous working hours, the other implications of piloting are minor. The scale of the pilot is small, and therefore the pilot will not likely cause any issues to the receiving treatment line, even with high NO2‒-N concentrations in the pilot effluent. Moreover, the chemical consumption and aeration demand of the pilot are nominal. Using the same methods and assumptions as for Scenario 1, the coagulant consumption of the CEPT pilot is 700 g/d, and the polymer consumption is 10 g/d. The nitrogen load directed to the pilot is only 0.029 % of the overall TN load, and thus the pilot will not result in higher methanol consumption. The required airflow QR to the IFAS MBBR is 0.8 m3/h (calculated with the method in Chapter 7.3.3). The energy demand of the pilot is therefore minor.  
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10 DISCUSSION 
10.1 Deammonification in mainstream conditions 
10.1.1 Nitrogen removal performance 
Nitrogen loading rates (NLR) applied in larger-scale MD pilots are in the range of 0.05-0.70 kg N/m3/d, with nitrogen removal rates (NRR) in the range of 0.05-0.40 kg N/m3/d (see Chapter 5.3). In the three IFAS MBBR pilots, the NRR results at 15 °C were 0.046 kg N/m3/d in Stockholm (Plaza et al. 2016), 0.077 kg N/m3/d in Malmö (Veuillet et al. 2015), and 0.167 kg N/m3/d in Paris (Lemaire et al. 2016). Nitrogen removal at Viikinmäki WWTP can reasonably be expected to be similar at temperatures ≥15 °C. Based on the nitrogen balance calculations, the NLR was estimated to be 0.14 kg N/m3/d and the NRR to be 0.088 kg N/m3/d for Scenario 1. 
The applicability of the calculated NLR and NRR values in determining the feasibility of MD is limited, because the effect of temperature was left out of consideration, and stable TN removal at 65 % was assumed. The matter of IFAS MBBR performance at <15 °C remains unresolved, which is why the risk of unstable nitrogen removal at low temperatures is high (see Chapter 8.2.2). The NLR and NRR estimations may represent the best-case scenario of mainstream deammonification Viikinmäki WWTP. It is possible that 65 % TN removal could only be achieved during summer time. The development of MD technology and NOB out-selection methods can however reduce the risks of MD. So far, the development of MD technology has been rapid, and full-scale implementation of MD is already considered feasible at Strass WWTP in Austria (Wett et al. 2015) and Blue Plains WWTP in USA (Al-Omari et al. 2016). 
10.1.2 Process control 
Successful process control is critical for mainstream deammonification, especially at low temperatures. No process control strategies were however included in calculating the operational expenses of Scenario 1, except that intermittent aeration in the IFAS MBBR was assumed. Intermittent aeration has proved to be successful in IFAS configurations, as NOB are mostly present as flocs, and can therefore be deprived of oxygen more easily than within the carrier biofilm (Veuillet et al. 2014). Based on the experiences from several attached growth pilots, IFAS improves NOB suppression (Malovanyy et al. 2015b, Trojanowicz et al. 2016, Lemaire et al. 2016), and can therefore be assumed to also be suitable for MD at Viikinmäki WWTP. 
NOB out-selection strategies that could be implemented at Viikinmäki plant include mainly DO control and leaving an ammonium residual in the MD process. Residual NH4+-N improves AOB growth rates (see Chapter 4.3.2), which is why keeping NH4+-N concentrations at >2 mg NH4+-N/L in the reactor helps AOB compete for oxygen against NOB (Chandran & Smets 2005, Al-Omari et al. 2015). AOB activity is the limiting factor in MD processes, which is why leaving a NH4+-N residual is beneficial for overall MD 
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performance. At Viikinmäki, high residual NH4+-N concentrations would however be a problem in tertiary treatment, because the post-DN filters are anoxic and can therefore remove only remove NOx-N. The benefit of residual NH4+-N for AOB activity should therefore be assessed by piloting. A possibility would be to include an aerated zone at the end of the plug-flow IFAS MBBR system to oxidise NH4+-N before secondary clarification and tertiary treatment. 
NH4+-N residual can be controlled in conjunction with DO. The DO control strategies that could be implemented at Viikinmäki include feedback control based on NH4+-N and NOx-N concentrations, and feedforward control based on flow and NH4+-N. Of these, feedback control based on NH4+-N and NOx-N seems the most suitable option (see Chapter 4.3.4). Different types of cascade control strategies have been developed, with the purpose of controlling the concurrent availability of oxygen and nitrite for NOB. It should also be noted that most NOB out-selection strategies are based on AOB and NOB kinetics that are unclear (see Chapter 4.3.1). It seems that the species of NOB prevalent in MD process impact the effectiveness of oxygen limitation and intermittent aeration. Significant savings in aeration could result, if lower DO concentration was applied (e.g. DO set-point at 1.0 mg/L instead of 1.5 mg/L).  The biomass composition is therefore an important factor for process control, and will be discussed next. 
10.1.3 Effect of biomass composition 
Ideally, MD biomass in the Viikinmäki WWTP process would consist of specific species of AMX and NOB (species of AOB have not been shown to have an impact). The AMX species Candidatus ‘Brocadia fulgida’ seems to be more cold-tolerant than other AMX species, and has also proved to be metabolically versatile. Ca. ‘B. fulgida’ is one of the AMX species capable of oxidising VFA for the reduction of NO3−, in order to produce NO2− and NH4+ for the anammox reaction (see Chapter 4.2.2). With this ability, Ca. 
‘B. fulgida’ can better survive in unfavourable conditions with NOB competition or low AOB activity (Strous et al. 2006). Furthermore, this suggests that sCOD in IFAS MBBR influent would maybe not be an issue for the MD process, because the AMX could possibly even out-compete HB for sCOD (Jenni et al. 2014). 
The NOB species Nitrobacter is the most favourable for MD, because Nitrobacter have been shown to have lower oxygen affinities than AOB (see Chapter 2.3.2). DO limitation can therefore be successful as a NOB out-selection strategy, whereas DO limitation is usually ineffective against Nitrospira, which have higher oxygen affinities (Nowka et al. 2015). The DO set-point for Scenario 1 was selected at 1.5 mg/L as the highest DO suitable, assuming Nitrospira as the dominant NOB species. In theory, DO set-points <1.0 mg/L could be selected if Nitrobacter was the dominant species. 
Hypothetically, it could be possible to select Nitrobacter instead of Nitrospira, as suggested by Fukushima et al. (2013) and Isanta et al. (2015). Two strategies were suggested for this, namely controlling the availability of inorganic carbon (Fukushima et al. 2013), and ensuring excess NO2−-N in the process (Isanta et al. 2015. It is however very difficult to estimate the dynamics of AOB, NOB and AMX, as there is great variation between species, 
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much of which is still unknown. It is evident that there is great versatility and co-dependence between AOB and NOB, as well between autotrophs and heterotrophs (see Chapter 2.3.2). 
Even if ideal biomass composition was achieved in the Viikinmäki MD process, winter temperatures would reduce the activities of all bacteria, and additionally could result in loss of biomass diversity (Persson et al. 2014, Wu et al. 2016). The robustness of the system seems to depend mainly on the initial concentrations of bacteria in the system before the temperature drop, which means that biomass retention is crucial for maintaining TN removal at low temperatures. In the Viikinmäki MD process, AMX retention would be efficient on the carrier material, but AOB retention would depend on flocculent biomass properties, particularly MLSS settleability. Furthermore, TS removal efficiency in the carbon removal stage would be a main concern, as high TS loads can cause biomass inactivation. As an example of this was the DEMON® pilot (see Chapter 6.2.3). 
10.1.4 Need for separate reject water treatment 
In the nitrogen balance calculations, Scenario 2 represented the case without a separate nitrogen removal process. Two treatment lines were dedicated for MD, and reject water fed to the MD process to improve mainstream conditions. Reject water feeding would however have only a slight impact on the conditions of the two treatment lines. The average mainstream wastewater flow to one treatment line is predicted to be 38 600 m3/d, while the total amount of reject water produced is predicted to be 2 800 m3/d. In the discontinued Malmö pilot, reject was fed two days of the week without adding any mainstream water (Veuillet al. 2015). Consequently, the ratio of reject water to MWW was nearly 30 % in the Malmö pilot. At Viikinmäki WWTP, the ratio to two treatment lines would be 3.6 %, while for one line the ratio would be 7.2 %. Similar operational set-up could therefore not be reached. 
Even if the reject water to MWW ratio was higher at Viikinmäki, the benefit of intermittent reject water feeding has not been shown for an IFAS MBBR process. Higher TN reduction at 70-85 % was achieved without reject feeding in the Paris pilot (Lemaire et al. 2016), compared to the 40-50 % achieved in the Malmö pilot (Veuillet et al. 2015). Although TN removal was temporarily improved by the reject feeding spikes, effluent NH4+-N levels peaked at 100-300 mg N/L (Veuillet et al. 2015). Residual NH4+-N concentrations this high would be a major problem at Viikinmäki, because the post-DN filters can only remove NOx-N. 
Another option would be to mix reject with mainstream, which would make the TN concentration increase to 81 mg N/L with two treatment lines (68 % increase), and 110 mg N/L with one treatment line (130 % increase). The increase in temperature would be less significant, with temperature rising from 12.0 °C to 12.8 °C with two treatment lines, and to 13.5 °C with one line. Mixing the reject water would nevertheless lead to higher TN loads to the post-DN filters, as shown by the methanol consumption rates for Scenario 2 (see Table 16). Higher methanol consumption caused by MD is hardly desirable, which is why reject water feeding was found impractical in Chapter 8.1.1. 
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Having a separate reject water treatment process has the added benefit of enabling bioaugmentation of anammox bacteria (Chapter 5.1.3). Although bioaugmentation was found less beneficial than effective biomass retention (Han et al. 2016), bioaugmentation by carrier recycling can still be expected to improve nitrogen removal performance (Lemaire et al. 2016). It is however unclear how carrier recycling could be implemented in practice at Viikinmäki WWTP, as sieving of carriers would be laborious, while pumping the carriers would be difficult from a technical point of view. Carrier recycling from the SD process could however be considered as a contingency plan, in case the MD process suffered loss of AMX. 

10.2 Feasibility of mainstream deammonification at Viikinmäki WWTP 
10.2.1 Key factors affecting feasibility 
The feasibility of mainstream deammonification at Viikinmäki WWTP depends on two main factors: the risk concerning the nitrogen removal performance, and the operational expenses of the process. As discussed in the previous chapter, the stability of nitrogen removal with MD is still open to question, especially in winter conditions. Several risks concerning MD biomass stability can be identified (see Chapter 8.2.2), which is why the feasibility of MD at Viikinmäki can better be resolved by the operational expenses of the process. 
The operational expenses of Scenario 1 were found to be higher than the expenses of Scenario 0, which is mainly due to chemical costs for CEPT. The costs of polyaluminium chloride and polymer comprise more than half of the operational expenses of Scenario 1 (see Figure 26). The main reason for the great impact of polyaluminium chloride cost is that the currently used coagulant ferrous sulphate is so inexpensive in comparison (current price 69 €/t). The difference in the prices of coagulants is so significant that any alternative coagulants selected will result in an increase in costs. The price of ferrous sulphate is therefore one of the factors affecting Scenario 1 feasibility. Supposing 50 % higher pricing for ferrous sulphate, 300 000 € is added to the cost of Scenario 0. In this case, Scenario 1 is less expensive with all methanol prices, when the price of polyaluminium chloride is 100-150 €/t, and the correlation factor 0.5 is used for oxygen transfer efficiency. 
The selection of CEPT as the carbon removal process, involving polyaluminium chloride and polymer requirements, is the main problem of Scenario 1 for the operational expenses. To reduce the costs of CEPT, an iron based coagulant such as ferric sulphate could be used, but according to the results by Valtari (2006), ferric sulphate was not efficient for COD removal. A better option would be a biological process to replace CEPT. Had HRAS been chosen instead of CEPT as the carbon removal process, the costs of the overall process would mainly be related to aeration and methanol consumption. Although the costs would decrease, the risks of not getting stable influent quality for IFAS MBBR would increase. 
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Not considering the carbon removal method applied, mainstream deammonification is usually expected to reduce the energy demand and external carbon consumption, and therefore result in savings in operational expenses. The energy demand realised in sidestream deammonification processes has been around 0.8-2.0 kWh/kg N removed (Lackner et al. 2014). In Scenario 1, the energy demand was 4.3 kWh/kg N removed, 11 % higher than for Scenario 0 with the DN-N process. The high energy demand is due to the low oxygen transfer efficiency of coarse-bubble aeration, and the high DO set-point (1.5 mg/L) selected. Although coarse-bubble aeration is less efficient, it is necessary for the IFAS MBBR process. The drawback of less efficient aeration is however compensated by the better biomass retention in the IFAS MBBR, compared to suspended growth MD processes. The higher costs of aeration are also balanced by the higher biogas production in MD. 10 % more biogas was produced in Scenario 1, compared to Scenario 0. Furthermore, the consumption of methanol was reduced by 18 %, making up for the added expense of Scenario 1. 
Other factors impacting the feasibility of Scenario 1 are the diffuser type and efficiency in the process, and the DO set-point and aeration control strategy selected. Significant savings can be achieved by optimising aeration. As previously demonstrated (see Chapter 8.2.1), the SOTE used for coarse-bubble aeration has a considerable impact on the cost of aeration, but it is difficult to estimate the SOTE for calculating the cost of aeration. An optimised coarse-bubble diffuser system would have better oxygen transfer efficiency than traditionally presented in literature, because it would involve full-floor diffuser coverage and semi-coarse bubble sizes. It would also be possible to use liftable aeration grids, which have smaller bubble sizes, but could be lifted from the IFAS MBBR for maintenance. With this type of technology, the SOTE is generally higher than with coarse-bubble diffusers. 
Overall, the mainstream deammonification process selected for examination in this study, including CEPT and IFAS MBBR, is not feasible for Viikinmäki WWTP. The main reasons for this are the high price of chemicals needed for CEPT, and the risk of unstable nitrogen removal performance in the IFAS MBBR. However, the prospect of a biological carbon removal process should be further examined for the efficiency and reliability of COD removal. 
10.2.2 Error analysis for the operational expense calculations 
The feasibility evaluation is based on the calculations for operational expenses, which were estimated using several assumptions. The main sources of error are discussed here. One limitation to the results is that the effect of diurnal and seasonal variation is not reflected in the calculations, as only the average values were used. Average measured data from 2016 was used as a basis for estimating NOx-N/TN and NH4+-N/TN ratios, as well as the methanol consumption at the post-DN filters as kg CH3OH/kg NOx-N ratio. These ratios were assumed to be constant and valid also for the year 2030. In any case, because predictions for the average influent flow rate and loads in 2030 were used, the results cannot be detailed or precise. 
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Another important source of error is that constant TN removal was assumed for mainstream deammonification, with constant ratios of nitrogen compounds in the effluent. Other limitations of the results come from simplifications and assumptions used in the aeration calculations (listed in Chapter 7.3). For instance, calculating AOR was based on assuming stable microbial activities in both DN-N and IFAS MBBR processes. Furthermore, little denitrification activity was assumed in the IFAS MBBR. Several assumptions were also made in calculating the aeration demand, such as constant temperature at 15 °C. Overall, the aeration demand calculations can be considered to be rough approximations. 
The estimation for the biogas production in the scenarios has an impact on the feasibility evaluation. The calculation for biogas production was based on an expected SS reduction in the CEPT process and hypothetical sludge age and MLSS for the IFAS MBBR process. Another source of error is also be in the biogas potential estimates for raw sludge and WAS taken from literature. Great variation could be seen in literature estimates, and the values reflecting realised 2016 biogas production were selected. Still, the calculated biogas production was 25 % lower than the actual biogas production in 2016. 
The results for operational expenses were heavily impacted by the prices assumed for chemicals and electricity in 2030. The prices can be volatile, and 2030 estimations are therefore only speculation. For instance, the price of methanol is tied to the price of oil, which means that the price could become much higher than included in the sensitivity analysis. 
10.2.3 Environmental efficiency of mainstream deammonification 
The environmental efficiency of mainstream deammonification is comprised of the energy demand and resource use of the process, as well as the treatment results. The energy demand of MD is related to the aeration requirement of the process, which was found to be 4 % higher due to the diffuser type selected. However, the higher energy demand is compensated for by the higher biogas production with MD. Comparing Scenario 1 to Scenario 0, the energy use of aeration is 0.6 GWh higher, while energy generation in digestion is 2.3 GWh higher. Chemical consumption also impacts the resource use of the process. Although there is less methanol consumed in Scenario 1, polymer is needed for CEPT. The consumption of coagulant would likely be the same as the current process configuration with ferrous sulphate, although the dosage of polyaluminium chloride was assumed to be lower in CEPT in the calculations. 
As already discussed, the TN removal efficiency of MD in cold temperatures has not yet been proved in IFAS MBBR pilots. Due to this, there is a risk of higher TN loading to the environment during winter. Furthermore, process instability due to inefficient NOB suppression can reduce TN removal and therefore increase loading. There is also a chance of increased nitrous oxide (N2O) emissions from the MD process (see Chapter 3.1.2). N2O emissions have been linked to several conditions associated with MD, such as high NO2–-N concentrations, low COD/N ratio and intermittent aeration (Kampschreur et al. 2009a). On the other hand, using IFAS MBBR technology in the mainstream could result in reduced micropollutant loading to the environment, as it was found that micropollutants can be 
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better removed with attached growth rather than suspended growth process (Falås et al. 2012, 2013). Improved micropollutant removal could however not be detected in the MD pilot by Laureni et al. (2016), using bench-scale MBBR and IFAS MBBR systems. 
Overall, increased biogas production and lower methanol consumption potentially make mainstream deammonification a more environmentally efficient nitrogen removal method compared to conventional nitrogen removal, assuming that sufficient nitrogen removal can be maintained even in unfavourable process conditions. However, finding new ways of harvesting nitrogen from wastewater should also be studied. Considering the amount of energy used to bind the atmospheric N2 with the Haber-Bosch process, and then to transform NH4+ in wastewater back to N2, it would make more sense to collect the nitrogen from wastewater for recycling. 

10.3 Value of piloting 
It is clear that the feasibility of mainstream deammonification at Viikinmäki WWTP depends on a number of factors, such as biomass stability, effluent quality and chemical prices. A problem is that a reference for IFAS MBBR nitrogen removal performance is not available for low temperatures <15 °C. Therefore, piloting is needed as proof of principle for MD at Viikinmäki WWTP conditions, at temperatures 12-18 °C or below. Bench-scale piloting experience at <15 °C has shown variable results. Persson et al. (2014) reported unstable nitrogen removal at 10 °C (in a 200 L MBBR), and Laureni et al. (2016) found anammox activity to be barely detectable at 11 °C (in a 12 L MBBR). On the other hand, Gao et al. (2014) showed that stable total nitrogen removal could be maintained at 12 °C at 0.83 kg N/m3/d (in a 1 L up-flow fixed-bed biofilm reactor). The risks for not maintaining total nitrogen removal rates at <15 °C are therefore considerable, which is why piloting is necessary at Viikinmäki WWTP. 
Testing the process in pilot-scale gives valuable information to designing the full-scale configuration, and helps prevent design errors. Piloting can also prevent bad investments, if piloting concludes that MD is unsuitable with Viikinmäki plant influent. Piloting therefore enables the assessment of the concept, and gives site-specific information on the viability of mainstream deammonification at Viikinmäki WWTP. However, it should be acknowledged that piloting results may not be fully representative of a full-scale process (i.e. Scenario 1), mostly due to the small scale of the pilot. The hydraulics in a 3 m3 completely mixed piloting reactor are considerably different from the 11 500 m3 plug-flow aeration basins at Viikinmäki. Similar differences can be found between the pilot-scale and full-scale secondary clarifiers. The small scale can result in practical issues in solids separation, especially in a flat-bottom clarifier. Nonetheless, the focus of piloting is in studying deammonification at mainstream conditions, not in replicating Viikinmäki plant configurations. Therefore, technical issues are only important if they interfere with assessing the nitrogen removal performance of MD.  
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11  SUMMARY AND CONCLUSIONS 
Mainstream deammonification is an emerging technology for nitrogen removal, enabling segregation of nitrogen and carbon removal from wastewater. Carbon can be directed to anaerobic digestion to produce biogas. Here, the hypothesis was that MD would provide savings in operational expenses. There are however challenges in implementing MD. Whereas sidestream deammonification is already state-of-the-art technology for reject water treatment, mainstream deammonification is still in the development phase. 
The feasibility of mainstream deammonification was evaluated for Viikinmäki wastewater treatment plant (WWTP). To estimate the main challenges and possible solutions for MD, a comprehensive literature study was carried out (Chapters 2-5). The literature study showed that the two main challenges of mainstream deammonification are biomass retention and competition between bacterial groups. Sufficient retention of the slow-growing AMX and AOB is needed especially at low temperatures. Attached growth technologies such as MBBR were found to be effective in retaining AMX, but less effective in retaining AOB. A solution for this is the IFAS MBBR technology, which combines attached growth with suspended growth, which contains active AOB. Bioaugmentation also aids in maintaining high biomass quantities, but is less effective than good biomass retention. 
Competition between bacterial groups remains partly unresolved, due to the complexity of the interrelations between AMX, AOB, NOB and denitrifiers. All activity of NOB should be suppressed in MD, but the out-selection of NOB is challenging in mainstream conditions. The main mechanisms to out-select NOB are based on depriving NOB of one or more substrates. This can be done by controlling aeration, which controls both DO and NO2−-N levels. The difficulty is in suppressing NOB without affecting AOB. The activity of AOB is generally considered the bottleneck of MD. Intermittent aeration can be an effective means in providing sufficient aeration to AOB, while preventing NOB activity.  
Mainstream deammonification is currently a hot topic of research, and several pilots are globally ongoing. These pilots aim to develop technology for MD, and to refine strategies for successful NOB out-selection. Pilots have shown that high nitrogen removal and good effluent quality can be achieved in temperatures ≥15 °C. For lower temperatures, only bench-scale references are available so far. Low temperature reduces microbial activities and increases the competitive advantage of NOB, making MD processes unstable. Robustness in low temperatures has been found to be impacted by initial biomass quantities, which is why attached growth technologies are more suitable for MD in cold climates. 
Based on the results of the literature study, the most suitable MD process for Viikinmäki WWTP was assessed. The boundary conditions of implementing mainstream deammonification at Viikinmäki were determined. The MD process should use existing space at the plant, and be robust at the temperature range 10-18 °C. Furthermore, the process should withstand variation in inflow rates and composition, because flow equalisation is not feasible. Additionally, attached growth was stated as a boundary 
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condition, because a MBBR process has been chosen for full-scale sidestream deammonification at the plant. To correspond with these boundary conditions, IFAS MBBR was selected as the most suitable MD process. As carbon removal method, chemically enhanced primary treatment was selected, because this process is reliable, and well known at Viikinmäki WWTP. In practice, the selected process configuration could be implemented by adding coagulant and polymer to the primary sedimentation basins, and adding carrier material to the aeration basins. In the aeration basins, this would mean that the fine-bubble bottom-mounted disc diffusers would have to be switched to low-maintenance coarse-bubble diffusers. 
The effects of implementing IFAS MBBR were estimated by calculating the nitrogen and solids balances and resource use in full-scale MD application. Four scenarios were used to compare conventional nitrogen removal and mainstream deammonification. Due to the theoretical approach of the study, the scenarios were set to the year 2030. Plant monitoring data from 2016 and predicted flow conditions for 2030 were used to make the calculations. Several assumptions had to be made in each calculation, which increases the uncertainty of the results. The results however clearly showed that the cost of polyaluminium chloride overrides all other factors for MD feasibility. Even though 10 % higher biogas production and 18 % lower methanol consumption were estimated for MD, the expenses of CEPT are so high that the selected process is unfeasible at Viikinmäki WWTP. A high-loaded biological process for carbon removal would be a better option, but this option requires further investigation. 
The main factor impacting mainstream deammonification feasibility was discovered to be the cost of CEPT. Other factors that impact MD feasibility include the type of aeration used in the IFAS MBBR. Coarse-bubble diffusers generally have low oxygen transfer efficiency. Even though 42 % lower oxygen requirement was estimated for the biological process, the air flow requirement was even higher compared to conventional nitrogen removal. This reduces the energy efficiency of the IFAS MBBR process, and increases costs. The aeration demand of mainstream deammonification is also impacted by biomass composition. The species of NOB dominant in the MD process could impact whether oxygen limitation can be implemented, or if higher DO levels need to be applied. 
The risk of the IFAS MBBR process was estimated to be high, because MD performance at low temperatures (<15 °C) has not been sufficiently demonstrated in any larger pilots. The risks of the process are mainly related to MD biomass. Especially the impact of NOB outbreaks or loss of AMX activity are serious risks, which can be caused by low temperatures. Some of this risk could be lessened by piloting. Piloting would help determine the practicability of MD at Viikinmäki WWTP. Piloting would act as proof of principle of mainstream deammonification at the plant, and would determine the suitability of the influent to the process. Furthermore, the effectiveness of different NOB out-selection strategies could be tested and refined. Additionally, the practicability of biological carbon removal could be assessed in the pilot. 
A preliminary design for the pilot was prepared. Two existing 3 m3 piloting tanks were found suitable for piloting the IFAS MBBR process, and the pilot was designed around these tanks. The main concept of piloting was to represent Viikinmäki WWTP in the scale 
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of the piloting reactors. This would mean that the inflow to the pilot is not controlled or equalised in any way, so that the piloting conditions express the normal flow variation at Viikinmäki. The design inflow rate of 10 m3/d was determined. The main implication of piloting would be the large amount of working hours needed for sampling analyses and pilot operation. The small scale of the pilot results in small use of resources, and low risk of impacting the main treatment process. 
Overall, mainstream deammonification is a promising new technology for municipal wastewater treatment. If the complex bacterial activities can be successfully managed, MD is able to achieve the same nitrogen removal rates as conventional nitrogen removal. Challenges however remain in the out-selection of NOB. The main obstacle for implementing mainstream deammonification at Viikinmäki WWTP is that good effluent quality needs to be consistently achieved even at low temperatures. Although currently mainstream deammonification is not reliable enough to be applied at Viikinmäki WWTP, experience in operating and controlling MD processes is constantly accumulating. Similar to how fast sidestream deammonification has became common all around the world, mainstream deammonification could also become prevalent in a short amount of time.   
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APPENDIX I: Methods for aeration demand calculations 
Oxygen requirement 
The actual oxygen requirement (AOR) was estimated for the current process configuration (DN-N process) and mainstream deammonification (MD). Equation A1 was used to calculate the AOR in both DN-N and MD processes (WEF 1988). AOR describes the oxygen requirement of the biological activities, which consist of the aerobic degradation of organic matter (BOD) and nitrification. The oxygen requirement in the degradation of BOD is reduced by denitrification, as NO3− rather than oxygen is used as electron acceptor. Although the anammox reaction has also been found to remove carbon (see Chapter 2.4.3), this phenomenon is not expected to have an effect on the oxygen requirement. 

𝐴𝑂𝑅 = 𝑎 ∙ ∆𝐵𝑂𝐷 + 𝑏 ∙ 𝑉 ∙ 𝑋 + 𝑐 ∙ ∆𝑁𝐻4
+-𝑁 − 𝑑 ∙ ∆𝑁𝑂3

−-𝑁 (A1) 
where AOR is actual oxygen requirement (kg O2/d)  a is oxygen required for BOD oxidation (kg O2/kg BOD); value 0.5  ΔBOD is biomass removed in oxidation (kg/d)  b is endogenous oxygen demand coefficient (kg O2/kg MLSS/d); value 0.1  V is aerated volume (m3)  X is mixed liquor suspended solids (MLSS) (g/L)  c is oxygen required for complete nitrification (kg O2/kg NH4+-N); value 4.57  ΔNH4+-N is ammonium removed in nitrification (kg/d)  d is oxygen equivalent of complete denitrification (kg O2/kg NO3--N); value 2.86  ΔNO3–-N is nitrate removed in denitrification (kg/d) 
BOD reductions were defined for each unit process, so that the BOD removal in aeration could be estimated. Table A1 lists the BOD reductions defined for each unit process. The BOD reductions in primary sedimentation and DN-N process were derived from 2016 laboratory data. The BOD reduction in obtained in the CEPT trial runs by Valtari (2006) was 64 %. For MD, the same 90 % BOD reduction was assumed as in the DN-N process. The aerated volume was presumed to be 50 % of the aeration basin volume for both DN-N and MD processes. For DN-N, the number of aerated zones varies, but generally three zones are aerated and three zones are anoxic. For MD, intermittent aeration was hypothesised, and thus 50 % aerated volume could also be used for MD.  
Table A1. BOD reduction assumed in each unit process. 

 BOD reduction (%) 
Primary sedimentation 48.0 
CEPT 64.0 
DN-N 90.0 
MD 90.0 
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Equation A1 was developed for activated sludge processes with DN-N, which is why several assumptions had to be made to estimate the AOR of MD. The ratios of full nitrification and denitrification were approximated. In the DN-N process, nitrification is assumed to be complete, and therefore 100 % of NH4+-N removed is converted into NO3–-N. However, only 50 % of NH4+-N removed is nitrified in a well-functioning MD process. Here, the assumptions presented in Figure 24 (Chapter 7.3.4) were applied. 50 % of NH4+-N removed was assumed to be oxidised by AOB, while 5 % of this was assumed to be further oxidised by NOB. Consequently, 50 % of NH4+-N removed is not oxidised, but converted to N2 in the anammox reaction. Based on this, the oxygen demand of nitrification in the deammonification process can be calculated with Equation A2. The first term of the equation expresses the oxygen required for full nitrification, while the second term expresses the oxygen required for partial nitritation (the 5 % directed to NOB only considered in the first term). 
𝑂𝑥𝑦𝑔𝑒𝑛 𝑑𝑒𝑚𝑎𝑛𝑑 = 0.05 ∙ 4.57 ∙ ∆𝑁𝐻4

+-𝑁 + 0.95 ∙ 3.43 ∙ 0.45 ∙ ∆𝑁𝐻4
+-𝑁 (A2) 

The amount of NH4+-N removed in the DN-N and MD processes was estimated based on the nitrogen balances made for Scenarios 0 and 1. The nitrogen balances were constructed for total nitrogen, and the TN loads therefore had to be converted to NH4+-N and NOx-N loads. The NH4+-N/TN and NOx-N/TN ratios defined in Table 14 in Chapter 7.3.5 were expanded to also include the NH4+-N/TN ratios from primary treatment. The NOx-N/TN ratios from primary treatment were assumed to be insignificant. The resulting ratios are presented in Table A2. The NH4+-N fraction from primary sedimentation was estimated from 2016 laboratory data. For CEPT effluent, the NH4+-N fraction was slightly rounded down. 
Table A2. Assumptions for residual NH4+-N and NOx-N fractions in the effluents from primary treatment and aeration. 

 NH4+-N/TN NOx-N/TN 
Primary sedimentation 0.76  
CEPT 0.75  
DN-N 0.093 0.75 
MD 0.20 0.65 

In the DN-N process, NOx-N generally consists only of NO3–-N. All NH4+-N removed is therefore assumed to be converted to NO3–-N. All NOx-N removed in the DN-N process can be attributed to denitrification, resulting in a lower oxygen requirement in removing BOD. In the MD process, the role of denitrification was assumed to be small, and only to account for the NO3–-N produced by NOB. No NO2–-N was therefore assumed to be consumed by denitrifiers. This assumption is debatable, but here it only affects the oxygen equivalent of denitrification. Underrated denitrification results in a higher oxygen requirement, which was considered safer than overestimating the role of denitrification. 
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Standard oxygen transfer rate 
The oxygen transfer rate (OTR) in process conditions OTRf is equal to AOR (EPA 1989). Based on OTRf, the standard oxygen transfer rate (SOTR) is defined as the rate of oxygen transfer in clean water at 20 °C and zero DO. Equation A3 was used to calculate SOTR (WEF 1989). The process temperature 15 °C was used in calculating the oxygen transfer in process water. 

𝑆𝑂𝑇𝑅 =
𝑂𝑇𝑅𝑓 ∙ 𝐶∞20

∗

𝛼𝜃(𝑇−20)(𝛺𝜏𝛽𝐶∞20
∗ − 𝐶)

(𝐴3) 
where SOTR is standard oxygen transfer rate (kg O2/h)  OTRf is oxygen transfer rate in process conditions (kg O2/h)  C*

∞20 is steady state DO saturation concentration at 20 °C  (kg O2/m3)  α is adjustment factor for diffuser; values 0.1-1.0  θ is temperature factor; value 1.024  T is process temperature (°C)  Ω τ is adjustment factors for pressure and temperature; value 1.0  β is oxygen saturation factor; values 0.95-0.99  C is DO set-point in process (kg O2/m3) 
Table A3 lists the values used to calculate SOTR. As discussed in Chapter 7.3.4, the DO concentration in the DN-N process was assumed to be 3.0 mg/L, while for the MD process, the DO set-point 1.5 mg/L was selected. Qair was the average realised airflow to the DN-N process in 2016, according to online monitoring data.  
Table A3. Parameters used in aeration calculations. 

Parameter Value 
T (°C) 15.0 
α for fine bubble diffusers 0.70 
α for coarse-bubble diffusers 0.80 
θ 1.024 
Ωτ 1.0 
β 0.98 
C*

∞20 9.17 
C*

∞ 10.1 
C in DN-N process (mg O2/L) 3.0 
C in MD process (mg O2/L) 1.5 
Qair (Nm3/h) (2016 average) 36 400 
ρair (kg/m3) 1.293 
fair 0.232 
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The empiric parameters α, β, θ, Ω and τ account for process water characteristics and the effect of temperature and pressure. Of these parameters, α was the only one assumed to differ between the two diffuser types hypothesised. Fine-bubble diffusion was assumed for the DN-N process, while coarse-bubble diffusion was assumed for the MD process. The α values are affected by diffuser type and positioning, wastewater type and process load, and therefore have great variation (EPA 1989, p. 38). For DN-N, the α value used in calculations was 0.70, while a larger α was assumed for MD, based on the larger bubble size with coarse-bubble diffusers. 
Standard oxygen transfer efficiency 
The main parameter describing aerator performance is the standard oxygen transfer efficiency (SOTE). SOTE is an expression of aerator performance, specific for an aerator and a flow rate, which is why SOTE cannot be calculated for the scenarios. For Scenario 0, SOTE was calculated for the average process conditions in 2016. Equation A4 shows how SOTE was calculated for the DN-N process. For MD, a correlation factor was used to define the coarse-bubble diffuser SOTE in relation to the fine-bubble diffuser SOTE. The SOTE of coarse-bubble diffusers is generally considered to be 30-50 % of the SOTE of fine-bubble diffusers. Here, the value 40 % was chosen, so it was assumed that SOTEcoarse = 0.4 · SOTEfine. This assumption involves various uncertainties, because oxygen transfer in coarse-bubble diffusion depends on a number of factors, such as diffuser grid, angle and mounting.  

𝑆𝑂𝑇𝐸 = 100 ∙
𝑆𝑂𝑇𝑅

𝑤𝑂2

= 100 ∙
𝑆𝑂𝑇𝑅

𝑄𝑎𝑖𝑟 ∙ 𝜌𝑎𝑖𝑟 ∙ 𝑓𝑎𝑖𝑟

(A4) 
where SOTE is standard oxygen transfer efficiency (%)  SOTR is standard oxygen transfer rate (kg O2/h)  wO2 is mass flow rate of oxygen (kg O2/h)  Qair is aeration flow rate (Nm3/h)  ρair is density of air in standard conditions (kg/m3)  fair is fraction of oxygen in air 
Standard oxygen requirement 
The standard oxygen requirement (SOR) gives the actual oxygen transfer rate in process conditions. Equation A5 was used to calculate SOR. 

𝑆𝑂𝑅 =
𝐴𝑂𝑅

(𝛽𝐶∞
∗ − 𝐶) 𝐶∞20

∗⁄ ∙ 𝛼𝜃(𝑇−20)
(A5) 

where SOR is standard oxygen requirement (kg O2/d)  AOR is actual oxygen requirement (kg O2/d)  β is oxygen saturation factor; values 0.95-0.99  C*
∞ is steady state DO saturation concentration at T (kg O2/m3)  C*
∞20 is steady state DO saturation concentration at 20 °C (kg O2/m3)  C is DO set-point in process (kg O2/m3) 
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 α is adjustment factor for diffuser; values 0.1-1.0  θ is temperature factor; value 1.024  T is process temperature (°C) 
Required airflow 
With the calculated SOR and SOTE values, the required airflow QR (Nm3/h) could be estimated with Equation A6. From the required airflow, the energy demand of aeration could be estimated for the DN-N and MD processes. 

𝑄𝑅 =
𝑆𝑂𝑅

𝑆𝑂𝑇𝐸 ∙ 𝜌𝑎𝑖𝑟 ∙ 𝑓𝑎𝑖𝑟

(A6) 
where QR is airflow required in the process (Nm3/h)  SOR is standard oxygen requirement (kg O2/d)  SOTE is standard oxygen transfer efficiency (%)  ρair is density of air in standard conditions (kg/m3)  fair is fraction of oxygen in air 
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APPENDIX II: Location of piloting tanks at Viikinmäki WWTP 
 

 
 


